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Transformations  of  agricultural  and  industrial  pollutants  in  wetlands  depend  on 

the  presence  and  activity  of  appropriate  microbial  groups  inhabiting  the  soil,  as 

influenced  by  interactions  with  their  physical  and  chemical  environment.  Laboratory 

research  was  conducted  using  a  spectrum  of  wetland  soils,  to  ascertain  the  dominant 

regulators  of  microbial   activities,   and  in  turn,   how  these  activities  governed 

biodegradation  and  sorption  of  chlorinated  phenols  (CPs).  Chorophenols  were  chosen 

because  they  are  common  soil  contaminants,  and  like  other  chlorinated  aromatics,  are 

susceptible  to  biodegradation  under  anaerobic  conditions  that  dominate  wetland 

ecosystems. 

Aerobic  respiration,  denitrification,  sulfate  reduction,  and  methanogenesis  were 
strongly  correlated  to  availability  of  electron  acceptors,  electron  donors,  and  microbial  C. 
Organic  C  mineralization  averaged  three  times  faster  with  O2  as  compared  to  alternate 
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electron  acceptors,  but  was  not  significantly  different  between  anaerobic  treatments. 
Through  measurements  of  soil  chemical  properties  and  electron  acceptor  loading  rates, 
the  relative  contributions  of  different  metabolic  groups  to  organic  matter  decomposition 
can  be  estimated  in  a  wetland  profile. 

Biodegradation  of  pentachlorophenol  (PCP)  was  observed  in  most  (80%)  wetland 
soils;  however,  rates  were  similarly  governed  by  environmental  conditions.  Maximum 
PCP  degradation  was  restricted  to  concentrations  between  0.3  to  10-23  umol  L" ,  due  to 
sorption-controlled  bioavailability  and  toxicity  constraints.  Degradation  was  promoted 
under  aerobic  and  methanogenic  conditions,  and  inhibited  under  denitrifying  and  sulfate 
reducing  conditions.  Aerobic  PCP  degradation  produced  pentachloroanisole,  and 
methanogenic  degradation  yielded  lower  chlorinated  phenols  by  reductive  dechlorination. 
However,  >63%  of  these  by-products  were  lost  in  30  d  from  half  of  the  soils.  Reductive 
dechlorination  was  highly  correlated  to  electron  donor  availability  and  microbial  biomass 
(94%),  and  was  enhanced  with  amendments  of  protein-based  electron  donors,  suggesting 
the  role  of  fermentative  and  hydrolytic  bacteria. 

Sorption  of  CPs  was  described  by  linear  isotherms,  and  partition  coefficients  were 
highest  in  low  pH  and  high  organic  matter  soils,  which  explained  80%  of  variation 
between  sorption  models  and  experimental  results.  Up  to  30  times  reduction  in  sorption 
under  methanogenic  compared  to  aerobic  conditions  was  attributed  to  effects  on  pH, 
ionic  strength,  and  colloidal  concentration.  Results  predicted  that  CP  mobility, 
bioavailability,  and  toxicity  will  be  higher  under  methanogenic  conditions  than  under 
aerobic  conditions. 
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CHAPTER  1 
INTRODUCTION 

Overview  of  the  Problem 

Wetlands  and  aquatic  ecosystems  are  recipients  of  agricultural  chemicals  from  a 

number  of  point  and  non-point  sources.  Wells  (1992)  quoted  the  following  statistics  from  the 

USEPA  and  USDA,  "Agricultural  stresses,  largely  from  excess  nutrients,  sediments,  and 

pesticides,  affect  58%  of  the  impaired  lake  acres,  55%  of  impaired  stream  miles,  and  21%  of 

impaired  estuarine  systems"  in  the  U.S.  Recent  estimates  indicate  that  pesticides  from 

agricultural  areas  have  caused  damage  to  almost  5000  wetlands  and  water  bodies  in  the  U.S. 

(Taraban  et  al.,  1993;  Cooper,  1993).  During  a  recent  USDA-ARS  sponsored  symposium 

entitled  "Agricultural  Water  Quality  Priorities,  A  Team  Approach  to  Conserving  Natural 

Resources",  it  was  determined  that  there  is  a  need  to  develop  new  agricultural  management 

strategies  to  improve  the  long-term  sustainability  of  agricultural  systems  and  to  reduce 

agricultural  impacts  on  water  quality  (Gish  and  Sadeghi,  1993).  One  rapidly  spreading 

technology,  constructed  wetlands,  has  been  found  to  be  effective  at  attenuating  many 

agricultural,  industrial,  and  domestic  wastewaters  (Hammer,  1989;  Cooper,  1993;  Kadlec  and 

Knight,  1996;  Cole,  1998).  One  advantage  of  constructed  wetlands  is  that  they  can  be  designed 

and  managed  to  optimize  conditions  for  removal  of  specific  types  of  contaminants.  However, 

before  constructed  wetlands  can  be  considered  as  treatment  alternatives,  information  about  the 

dominant  biogeochemical  processes  and  their  respective  controlling  factors  is  required. 
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In  recent  years,  research  has  emphasized  wetland  assimilation  of  nutrients,  organics, 
and  suspended  solids  (Kadlec  and  Knight,  1996).  Biological  and  chemical  processes  associated 
with  the  soil  are  largely  responsible  for  water  quality  improvement  (Reddy  and  D'Angelo, 
1994).  For  example,  processes  such  as  nitrification-denitrification  (Reddy  et  al.,  1989;  1990a), 
soil  sorption  of  phosphorus  (Olila  and  Reddy,  1993),  and  aerobic  and  anaerobic  decomposition 
of  organic  matter  (D'Angelo  and  Reddy,  1994a)  are  major  pathways  for  removal  of  these 
contaminants. 

Compared  to  transformations  of  naturally-occurring  substrates,  there  is  a  dearth  of 
information  regarding  the  fate  agricultural  pesticides  in  the  wetland  environment.  However, 
the  capacity  of  wetlands  to  assimilate  pesticides  is  also  likely  to  be  dictated  by  biogeochemical 
pathways  associated  with  the  soil  and  overlying  water  column  (Fig.  1.1).  Microbial  degradation 
is  generally  considered  the  main  pathway  for  attenuation  of  agricultural  chemicals,  and  is 
strongly  influenced  by  environmental  conditions.  The  presence  of  the  plant  rhizosphere  may 
also  influence  microbial  degradation  (Walton  and  Anderson,  1990).  Additionally,  abiotic 
processes,  such  as  soil  sorption,  have  a  major  influence  on  the  bioavailability  and  fate  of 
chemicals  in  wetlands,  and  are  affected  by  soil  characteristics  such  as  pH  and  organic  matter 
content.  Although  there  exists  a  considerable  amount  of  information  about  most  processes 
individually  (see  below),  there  have  been  few  attempts  to  integrate,  or  couple  processes  with 
the  goal  of  describing  the  overall  fate  of  chemicals  in  complex  soil-water  systems. 

Many  highly  chlorinated  compounds  are  toxic  and  persistent  environmental  pollutants 
(Bhatnagar  and  Fathepure,  1990).  Examples  of  highly  chlorinated  agricultural  and  industrial 
chemicals  include:  2,4,5-trichlorophenoxyacetic  acid  (2,4,5-T),  methoxychlor,  aldrin,  mirex, 
toxaphene,  eldrin,  pentachlorophenol  (PCP),  hexachlorocyclohexane  (lindane),  heptachlor, 
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Figure  1.1.  Biogeochemical  pathways  of  toxic  organics  in  the  soil-water  column. 
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polychlorinated  biphenyls  (PCB),  hexachlorobenzene  (HCB),  tetrachloroethylene  (PCE),  and 
carbon  tetrachloride  (CT)  (Kuhn  and  Suflita,  1989).  Biodegradation  of  these  compounds  may 
be  restricted  by  one  or  more  causes  including  (i)  lack  of  indigenous  populations  with  the 
enzymatic  capability  to  degrade  chemicals,  (ii)  environmental  restrictions  on  the  activity  of 
appropriate  microbial  consortia  (e.g.  nutrients  or  other  growth  factors,  pH,  temperature, 
absence  of  inductor  chemicals,  presence  of  suppressor  and  toxic  chemicals,  ecological 
interactions  between  microbial  groups),  (iii)  chemical  bioavailability  restrictions  (e.g.  low 
aqueous  solubility  or  high  sorption  to  solid  surfaces,  which  lower  chemical  concentrations  to 
below  that  required  for  microbial  uptake  or  enzymatic  transformation)  (Providenti  et  al.,  1993). 
An  understanding  of  these  limitations  is  a  prerequisite  for  successful  soil  remediation,  and  has 
provided  the  scientific  basis  for  introduction  of  microbial  degraders  into  the  environment,  such 
as  genetic  engineered  microorganisms  (GEMS),  manipulation  of  environmental  conditions  to 
enrich  for  indigenous  degraders,  and  decreasing/increasing  sorption  to  optimize  chemical 
degradation. 

Aerobic  and  Anaerobic  Interfaces  in  Wetlands 
One  of  the  main  distinguishing  features  of  wetland  soils  is  the  presence  of  aerobic  and 
anaerobic  interfaces  (Fig.  1.2).  Interfaces  are  a  result  of  at  least  three  wetland  processes, 
namely  hydrologic  fluctuations  (e.g.  rise  and  fall  of  water  table),  presence  of  electron  acceptors 
(e.g.  02,  N03 ,  Mn(TV),  Fe(III),  S042",  and  HC03"),  and  02  transport  by  plants  to  the 
rhizosphere.  Presence  of  the  aerobic  and  anaerobic  interface  has  been  shown  to  be  a  dominant 
factor  influencing  biogeochemical  cycling  of  several  elements  (C,  N,  S,  P,  Fe  and  Mn)  in 
wetlands  (Reddy  and  DAngelo,  1994),  but  its  role  in  agricultural  pesticide  behavior  in  these 
systems  has  yet  to  be  investigated. 
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Figure  1.2.      Sequential  reduction  of  electron  acceptors  as  a 
function  of  time  and  depth  in  wetlands  soils. 


6 


Wetlands  often  undergo  hydrologic  fluctuations  as  a  result  of  seasonal  rainfall  events. 
Cyclic  flooding  and  draining  of  soils  has  a  major  influence  on  the  dominant  types  of  microbial 
metabolism  found  in  soils  at  a  given  time.  Under  drained  conditions,  metabolism  is  primarily 
aerobic,  in  which  O2  present  in  the  soil  atmosphere  is  used  as  an  electron  acceptor  for 
microorganisms  to  oxidize  energy  substrates  (electron  donors).  Aerobic  microorganisms  are 
virtually  nonlimited  in  the  types  of  electron  donors  they  can  use,  converting  reduced  products 
such  as  organic  matter  and  NH/  to  products  such  as  NO3",  S042\  and  HCO3"  that  tend  to 
accumulate  in  soil  porewater.  When  soils  are  flooded,  diffusion  of  O2  to  the  soil  and  aerobic 
activity  is  restricted,  causing  a  dramatic  shift  in  the  dominant  types  of  microbial  metabolism. 
Anaerobic  microbial  groups,  such  as  denitrifiers,  manganic  manganese  reducers,  ferric  iron 
reducers,  sulfate  reducers  and  methanogens,  use  alternate  electron  acceptors  (NO3",  Mn+4,  Fe+3, 
SO4  ,  and  HCO3")  produced  during  the  drained  period,  to  gain  energy  from  the  oxidation  of 
substrates.  Common  reduction  potentials  (pH  7.0  with  H2  as  electron  donor)  are  N037N2  (E0= 
740  mV),  S0427H2S  (E0=  -220  mV),  and  C02/CH4  (EG=  -240  mV).  The  higher  the  reduction 
potential,  the  more  energy  is  potentially  available  to  microorganisms,  which  provides  the 
thermodynamic  basis  for  the  observed  order  of  electron  acceptor  consumption  after  flooding 
the  soil.  For  example,  denitrifiers  gain  more  energy  from  a  given  substrate  than  sulfate  reducers 
or  methanogens,  so  denitrifiers  have  a  competitive  advantage  over  other  groups  for  available 
substrates.  Reduced  products  formed  sequentially  during  anaerobic  decomposition  consist  of 
N2,  Mn+2,  Fe+2,  H2S,  and  CH4.  When  soils  are  again  drained,  many  of  these  reduced  products 
function  as  energy  substrates  for  aerobic  microorganisms.  From  this  example,  it  can  be  seen 
that  there  are  tight  interactions  between  aerobic  and  anaerobic  processes  as  a  result  of 
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hydrologic  fluctuations.  For  certain  agricultural  chemicals,  coupling  of  anaerobic  and  aerobic 
processes  may  be  an  effective  means  for  reducing  their  concentrations  in  the  soil  and  water. 

Anthropogenic  inputs  of  electron  acceptors  to  the  overlying  water  column  of  soils  can 
have  a  similar  impact  on  dominant  types  of  metabolic  processes  (D'Angelo  and  Reddy,  1994b). 
Inputs  of  electron  acceptors  such  as  02,  NO3",  and  S042",  can  diffuse  from  the  water  to  the  soil, 
resulting  in  the  development  of  distinct  metabolic  zones  that  are  characterized  by  redox 
potential  (Fig.  1.2).  At  the  soil-water  interface,  O2  is  the  dominant  electron  acceptor,  underlain 
by  NO3",  SO42",  and  HCO3  metabolic  zones.  The  relative  position  of  each  metabolic  zone  is 
conserved  because  of  the  energy  considerations  described  above.  Each  microbial  group  is 
capable  of  unique  metabolic  reactions,  and  establishment  of  adjacent  aerobic  and  anaerobic 
zones  may  provide  an  approach  to  bioremediate  agricultural  chemicals.  Reddy  et  al.  (1990) 
demonstrated  significant  urea-N  removal  through  sequential  nitrification-denitrification  in 
agricultural  soils  with  established  aerobic  and  anaerobic  layers.  In  their  experiment,  15NH4+ 
produced  through  urea  hydrolysis  in  anaerobic  layers  diffused  to  the  overlying  aerobic  layer, 
where  it  was  converted  to  15N03_  by  nitrification,  and  15NC>3"  diffused  to  the  anaerobic  layer 
where  it  was  subsequently  lost  as  15N2  by  denitrification.  It  is  conceivable  that  similar 
sequential  anaerobic  and  aerobic  processes  may  provide  a  means  to  bioremediate  soils 
contaminated  with  agricultural  pesticides. 

Aerobic  and  anaerobic  interfaces  can  also  be  found  in  the  rhizosphere  of  wetland  plants 
(Armstrong,  1971;  Beckett  et  al.,  1988).  Rice  (Oryza  sativa)  and  other  wetland  plants  have  a 
unique  feature  of  transporting  atmospheric  O2  through  the  stem  and  roots,  and  some  of  this  O2 
diffuses  from  the  root  to  the  adjacent  soil  layer.  Besides  oxidizing  the  reduced  microzone 
around  the  root  surface,  the  diffused  O2  also  results  in  the  development  of  a  predominantly 
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aerobic  microbial  population.  Reddy  et  al  (1990b)  demonstrated  02  transport  rates  for  wetland 
plants  of  up  to  13  mg  02  plant"1  day"1,  and  this  02  was  utilized  during  microbial  oxidation  of 
carbon  and  nitrogen  compounds  in  the  root  zone.  Because  the  bulk  soil  around  the  rhizosphere 
is  mostly  anaerobic,  sequential  anaerobic  and  aerobic  processes  may  be  promoted  in  the 
presence  of  the  wetland  plant  rhizosphere.  For  example,  Reddy  et  al.  (1989)  demonstrated 
enhanced  ammonium-N  losses  by  nitrification-denitrification  in  the  presence  of  the  oxidized 
rice  rhizosphere.  Schipper  and  Reddy  (1994)  demonstrated  that  methane  oxidation  in  the 
rhizosphere  of  Sagittaria  decreased  methane  emissions  from  flooded  soils.  Although  aerobic 
and  anaerobic  interfaces  produced  by  these  processes  have  been  shown  to  promote  sequential 
aerobic-anaerobic  microbial  processes  for  many  natural  soil  constituents,  their  role  in  affecting 
the  behavior  of  agricultural  pesticides  in  wetlands  has  yet  to  be  demonstrated. 

Chlorophenols  as  Environmental  Pollutants 

Chorophenols  (CPs)  are  a  class  of  substituted-benzene  compounds  with  one  hydroxyl 
and  one  to  five  chlorine  functional  groups.  An  important  feature  of  CPs  is  that  they  are  weak 
acids,  existing  as  a  mixture  of  anionic  and  neutral  species  depending  on  environmental  pH 
relative  to  the  negative  log  of  their  dissociation  constant,  or  pKa  (Fig.  1.3).  Pentachlorophenol 
is  a  common  and  persistent  environmental  pollutant  that  is  toxic  to  a  wide  spectrum  of  biota. 
The  oral  LD50  in  humans  is  estimated  at  29  mg  kg"1  (Dreisbach,  1966). 

The  wood-preserving  industry  uses  about  80%  of  the  total  32  million  pounds  produced 
in  the  U.S.  (Clement  International  Corp,  1994).  Before  regulation  by  the  Clean  Water  Act  of 
1970,  standard  operating  procedures  for  the  wood-preserving  industry  included  disposal  of 
PCP  wastes  directly  into  drainage  ditches,  streams,  and  wetlands.  These  practices  have  often 
resulted  in  high  levels  of  CP  in  soils  (thousands  of  ppm)  and  accumulation  in  the  food  chain 
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Figure  1.3.      Changes  in  the  relative  species  composition  of  selected 
chlorophenols  (CPs)  as  a  function  of  pH.  Intersections 
between  dotted  line  and  distribution  curves  represent  the 
pH  at  which  half  of  the  total  CP  exists  as  neutral  and 
anionic  forms  (i.e.  pKa).  t  Values  obtained  from  Ugland 
et  al.,  1981. 
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(Pierce  and  Victor,  1978;  Lu  et  al.,  1978;  ATSDR,  1998).  Besides  being  used  as  wood- 
preserving  agents,  CPs  have  been  used  as  herbicides,  insecticides,  algicides,  bacteriocides,  and 
are  inadvertently  produced  through  combustion  of  municipal  solid  waste,  chlorination  of  pulp 
mill  effluent,  and  disinfection  of  water  supplies.  In  1977,  PCP  was  the  second  most  commonly 
used  pesticide  in  the  USA.  The  widespread  occurrence  and  toxicity  of  PCP  has  led  the  U.S. 
EPA  to  designate  it  as  a  priority  pollutant,  and  there  are  currently  over  260  sites  contaminated 
with  PCP  on  the  National  Priority  List  (ATSDR,  1998).  However,  the  number  is  likely  higher 
since  there  are  currently  no  accurate  estimates  of  contaminated  aquatic  sediments  on  the  NPL 
list  (Renner,  1998b). 

Pentachlorophenol  contamination  is  not  restricted  to  the  U.S.  (WHO,  1987);  large  scale 
problems  have  also  been  reported  in  Canada  (Quemerais  et  al.,  1994),  Sweden  (Larsson  et  al., 
1993),  Japan  (Ide  et  al.,  1972;  Kuwatsuka  and  Igarashi,  1975),  Finland  (Salkinoja-Salonen  et 
al.,  1983;  Lampi  et  al.,  1992;  Laine  and  Jorgensen,  1997),  New  Zealand  (Gifford  et  al.,  1996) 
and  the  United  Kingdom  (Wild  et  al.,  1992). 

Historically,  PCP  was  released  to  upland  soils,  and  transported  to  adjacent  surface 
water  bodies  and  groundwater.  Pentachlorophenol  entering  the  environment  may  undergo 
numerous  possible  fates  (Fig.  1.4).  The  most  important  processes  influencing  the  fate  of  PCP 
are  photolysis  in  the  water  column,  and  sorption,  and  microbial  degradation  in  the  soil 
(Clement  International  Corp,  1994;  Shiu  et  al.,  1994).  As  a  weak  acid  (pKa  of  4.74),  the 
behavior  of  PCP  is  dependant  on  environmental  pH.  In  the  water  column,  PCP  photodegrades 
to  lower  chlorinated  phenols,  chlorinated  dihydroxybenzenes,  and  nonaromatic  fragments,  such 
as  HC1  and  CO2,  and  many  of  these  intermediates  may  be  lost  by  volatilization  (Wong  and 
Crosby,  1978;  Crosby  et  al.,  1972).  Light-mediated  reactions  include  intermolecular  oxidation- 


12 

reduction  reactions  between  chlorinated  organics  and  associated  humic  substances  (Burns  et 
al.,  1997).  Photodegradation  is  more  rapid  at  pH  7.3  (half-life  3.5  h)  compared  to  pH  3.3  (half- 
life  100  h),  likely  due  to  differences  in  the  relative  distribution  of  PCP  in  neutral  and  anionic 
forms  (Wong  and  Crosby,  1981).  Photodegradation  rates  may  be  limited  to  surface  water 
depths  (<30  cm)  due  to  light  extinction  by  natural  chromaphores  (Pignatello  et  al.,  1983). 
Volatilization  of  the  neutral  from  of  PCP  from  water  is  typically  restricted  because  it  has  a  low 
vapor  pressure  (2  x  10"6  Pa),  which  is  even  lower  for  the  anionic,  hence  more  water  soluble 
form  of  PCP  (Pignatello  et  al.,  1983).  Chlorophenols  display  a  high  affinity  for  suspended 
organic  matter  and  particles,  and  may  reach  the  soil  by  diffusion  or  settling  from  the  water 
column.  Once  transported  to  the  soil,  CPs  may  be  rapidly  and  strongly  sorbed,  depending  on 
pH,  organic  matter,  and  ionic  strength  (Lee  et  al.,  1990),  which  therefore  also  govern  CP 
mobility  and  bioavailability  for  microbial  and  plant  uptake  (Billen  and  O'Conner,  1990;  Billen 
et  al.,  1990).  Plants  may  immobilize  PCP  and  PCP-derived  metabolites  by  covalently  linking 
them  to  cellulose  and  lignin  macromolecules  (Weiss  et  al.,  1982a).  Through  the  production  of 
phenoloxidase  enzymes,  bacteria,  fungi,  and  plants  polymerize  CPs  with  existing  soil  humic 
substances  (Weiss  et  al.,  1982b;  Sjoblad  and  Bollag,  1981),  which  are  slowly  released  by 
microbial  action  (Dec  et  al.,  1990).  Peroxidase-mediated  chlorophenoxide  radical  formation 
may  also  result  in  the  formation  of  highly  toxic  dimers  such  as  dibenzo-p-dioxins, 
dibenzofurans,  and  diphenyl  ethers  (Minard  et  al.,  1981).  Microbial  transformation  of  CPs  is 
the  most  important  detoxifying  mechanism  in  the  soil,  however  a  review  of  literature  reveals  a 
wide  range  in  rates,  currently  making  it  an  unpredictable  remediation  strategy  (NRC,  1993). 
Although  PCP  undergoes  many  transformations  in  water,  soil,  and  plants,  degradation  is  often 
incomplete  and  over  30  products  are  known  (Engelhardt  et  al.,  1986). 
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Biodegradation 

Chlorophenol  degradation  has  been  observed  in  a  wide  range  of  environmental  samples 
including  surface  and  subsurface  soils  (Billen  et  al.,  1990;  Schmidt,  1996),  aquatic  sediments 
(Hale  et  al.,  1990;  1991),  sewage  sludge  (Mikesell  and  Boyd,  1985),  plants  (Weiss  et  al., 
1982a;  Casterline,  1985),  and  humans  (Clement  International  Corp,  1994),  suggesting  that 
enzymatic  transformation  capabilities  are  almost  ubiquitous  in  the  environment.  These 
findings,  coupled  with  wide  ranging  degradation  rates,  lend  credence  to  the  hypothesis  that 
degradation  in  the  environment  is  largely  governed  by  site  specific  biogeochemical  properties. 
Although  CPs  can  be  degraded  under  aerobic  and  anaerobic  conditions,  reactions  are  mediated 
by  different  microbial  groups  and  mechanisms,  and  at  different  rates  (Ide  et  al.,  1972;  Mikesell 
and  Boyd,  1986)  (Fig.  1.5).  Aerobic  CP  degraders  in  soil  include  bacteria  (Pseudomonas 
pickettii,  Azotobacter  spp.,  Flavobacterium  spp.),  actinomycetes  (Arthrobacter  spp., 
Mycobacterium  chlorophenolicum,  Rhodococcus  spp.),  and  fungi  (Phanerochaete  spp.) 
(Crawford  and  Mohn,  1985;  Haggblom  et  al.,  1989;  Lamar  et  al.,  1990;  Middelorp  et  al.,  1990; 
Kiyohara  et  al.,  1992;  Winter  and  Zimmerman,  1992;  Xun  et  al.,  1992;  Haggblom  et  al.,  1995; 
Uotilaetal.,  1995). 

Highly  chlorinated  pesticides  are  typically  resistant  to  aerobic  degradation  (Boyd  et  al., 
1989).  Sahm  et  al.  (1986)  indicated  that  resistance  of  these  chemicals  to  oxidative  processes 
originates  from  the  decreased  electron  density  around  their  aromatic  nucleus.  In  contrast,  the 
aromatic  nucleus  of  lower  chlorinated  congeners  is  more  electron  dense,  so  is  more  prone  to 
electrophilic  attack  by  O2.  Therefore,  aerobic  degradation  of  lower  chlorinated  pesticides 
typically  occurs  more  rapidly. 
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Figure  1.5.      Comparison  of  degradation  pathways  of  pentachlorophenol 
in  aerobic  and  anaerobic  environments. 
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The  enzymatic  mechanisms  of  aerobic  degradation  of  CPs  are  species  dependant,  and 
have  been  reviewed  elsewhere  (Haggblom  and  Valo,  1995).  In  Flavobacterium  and 
Arthrobacter  species,  PCP  is  para-hydroxylated  by  NADPH-  and  02-dependant  membrane- 
bound  flavoprotein  monooxygenase,  resulting  in  the  production  of  tetrachlorohydroquinone 
(Orser  et  al.,  1993)  (Fig.  1.5).  This  intermediate  is  subsequently  reductively  dechlorinated  by 
cytoplasmic  glutathione  transferase  (Xun  et  al.,  1992).  In  Mycobacterium  species,  production 
of  tetrachlorohydroquinone  is  mediated  by  membrane-bound  cytochrome  P450  monooxygenase, 
which  is  sequentially  hydroxylated,  reductively  dechlorinated,  and  metabolized  to  CO2  in  the 
cytoplasm  (Apajalahti  and  Salkinoja-Salonen,  1987;  Uotila  et  al.,  1991;  1995).  Since  both 
mechanisms  include  oxygenase  and  reduction  steps,  aerobic  catabolism  of  CPs  requires  the 
presence  of  both  O2  and  electron  donors.  For  example,  Topp  et  al.  (1988)  suggested  that 
available  C  (e.g.  glutamate  or  glucose)  could  facilitate  PCP  removal  by  Flavobacterium  cells, 
by  contributing  to  improved  production  and  maintenance  of  PCP-degrading  biomass.  On  the 
other  hand,  alternate  carbon  sources  (succinate  and  glucose)  inhibited  aerobic  degradation  of 
PCP  by  Pseudomonas  pickettii  (Kiyohara  et  al.,  1992),  presumably  due  to  catabolite  repression. 

Fungal  species  degrade  PCP  by  oxygenation  and  dechlorination,  mediated  by  non- 
specific extracellular  lignin  peroxidases,  resulting  in  the  production  of 
tetrachlorobenzoquinones,  followed  by  quinone  reduction  to  form  hydroquinones,  and  O- 
methylation  to  form  chloroguaicols  and  chloroveratroles  (Cserji  and  Johnson,  1972;  Murthy  et 
al.,  1979;  Lamar  et  al.,  1990)  (Fig.  1.5).  Several  Rhodococcus  spp.  also  O-methylate  CPs 
(Haggblom  et  al.,  1989;  Middelorp  et  al.,  1990). 

Under  anaerobic  conditions,  chlorines  are  sequentially  removed  and  replaced  by 
hydrogen  atoms  in  a  redox  process  called  reductive  dechlorination  (Fig.  1.5).  Mikesell  and 
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Boyd  (1988)  demonstrated  in  batch  systems  using  anaerobic  sludge-amended  soils  the 
following  dechlorination  sequence:  PCP  to  2,3,4,5-tetrachlorophenol  (2,3,4,5-TeCP)  to  3,4,5- 
trichlorophenol  (TCP)  to  3,5-dichlorophenol  (3,5-DCP)  to  3-chlorophenol  (3-MCP),  which 
was  finally  metabolized  to  CH4  and  C02.  However  other  reductive  dechlorination  pathways 
have  also  been  observed  (Murthy  et  al.,  1979;  Nicholsen  et  al.,  1992).  One  limitation  to 
reductive  dechlorination  as  a  bioremediation  pathway  is  accumulation  of  partially 
dechlorinated  intermediates. 

Much  less  is  known  about  the  identity  of  microorganisms  and  enzymatic  mechanisms 
involved  in  anaerobic  degradation  of  CPs.  Recent  evidence  suggests  that  eubacteria  are 
primarily  responsible  for  reductive  dechlorination  in  methanogenic  consortia.  For  instance, 
vancomycin,  a  specific  inhibitor  of  eubacterial  cell  wall  synthesis,  inhibited  reductive 
dechlorination  while  the  methanogenic  inhibitor  BESA  did  not  (Perkins  et  al.,  1994;  Chang  et 
al.,  1995).  Zhang  and  Wiegel  (1990)  postulated  the  involvement  of  spore-forming  Clostridium- 
like  species.  Madsen  and  Aamand  (1992)  and  Madsen  and  Licht  (1992)  also  suspected 
involvement  of  Clostridium-Mke  species  based  on  enhanced  reductive  dechlorination  in 
cultures  with  complex  carbon  substrates  such  as  yeast  extract,  peptone,  and  glucose,  as  well  as 
rapid  recovery  from  heat  treatments.  Clostridium  spp.  are  known  to  conduct  reductive 
dechlorination  of  the  alkyl  halide  hexachlorohexane  (Ohisha  and  Yamaguchi,  1978).  To  date 
however,  only  a  few  isolates  are  capable  of  reductive  dechlorination  of  CPs,  including  gram- 
negative  Desulfomonile  tiedjei  (Mohn  and  Kennedy,  1992a),  gram-positive  Desufitobacterium 
chlororespirans  (Sanford,  1996),  gram-positive  Desufitobacterium  dehalogenans  (Utkin  et  al., 
1995),  and  myxobacterial  strains  2CP-1,  2CP-C,  and  2CP-3  (Cole  et  al.,  1994).  The  difficulty 
in  obtaining  additional  PCP  dechlorinating  isolates  may  be  due  to  strict  requirements  for 
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growth  factors  (e.g.  essential  vitamins  and  proper  types  of  electron  donors),  requirements  for 
syntrophic  relationships  with  nondehalogenators,  requirements  for  chemical  induction  by 
nonsubstrates,  and  presence  of  competing  respiratory  organisms  and  electron  acceptors  (Mohn 
andTiedje,  1992). 

Microorganisms  likely  benefit  from  reductive  dechlorination  by  (i)  producing  lower 
chlorinated  intermediates  with  reduced  toxicity  and  (ii)  using  CPs  as  electron  acceptors  for 
energy  generation.  To  date  however,  only  Desulfitobacterium  chlororespirans  Co23  (Loffler  et 
al.,  1996)  and  Desulfomonile  tiedjei  (Mohn  and  Tiedje,  1991)  are  known  to  couple  reductive 
dechlorination  of  aryl  halides  to  energy  production,  which  are  mediated  by  membrane-bound 
dehalogenases.  Mohn  and  Tiedje  (1991)  confirmed  that  electron  transfer  from  formate 
(electron  donor)  to  PCP  (electron  acceptor)  by  Desulfomonile  tiedji  supported  generation  of  a 
hydrogen  ion  gradient  across  the  microbial  membrane,  which  was  coupled  to  production  of 
ATP.  Although  not  previously  considered  for  aryl  halides,  Ohisha  et  al.  (1982)  suggested  that 
Clostridium  rectum  produce  ATP  via  substrate-level  phosphorylation  by  coupling  oxidation  of 
amino  acids  to  reduction  of  hexachlorohexane  (lindane),  in  a  manner  similar  to  the  Strickland 
reaction.  In  cell-free  systems,  Gantzer  and  Wackett  (1991)  demonstrated  that  the  cobalt- 
containing  enzyme  vitamin  B12  catalyzed  reductive  dechlorination  of  PCP,  presumably  from  a 
two  electron  transfer  from  Co(I)  to  the  chlorinated  carbon  atom,  resulting  in  the  release  of  CI". 
Hematin  and  coenzyme  F430  were  ineffective  in  catalyzing  the  reduction. 

Besides  an  appropriate  source  of  electron  donors,  an  important  criterion  for  reductive 
dechlorination  by  anaerobic  bacteria  is  absence  of  O2,  although  there  are  conflicting  reports  as 
to  the  role  of  other  electron  acceptors  (N03"  and  S042").  For  example,  Kohring  et  al.  (1989)  and 
Haggblom  and  Young  (1990)  found  reductive  dechlorination  of  dichlorophenols  (DCP)  to 
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monochlorophenols  (MCP)  and  phenol  in  sediments  under  S042"-reducing  conditions,  while 
Puhakka  et  al.  (1992)  and  Genthner  et  al.  (1989a)  rarely  observed  reductive  dechlorination  of 
CPs  under  N03-  or  S042~-reducing  conditions.  Additionally,  Hale  et  al.  (1991)  found  an 
inverse  correlation  between  NO3"  and  S042~  concentrations  in  pond  sediments,  and  the  rate  of 
reductive  dechlorination  of  DCP. 

The  influence  of  alternate  electron  acceptors  on  reductive  dechlorination  has  been 
explained  by  microbial  competition  for  energy  substrates,  in  accordance  with  the 
thermodynamics  of  the  respective  reactions.  For  example,  Dolfing  and  Harrsion  (1992) 
calculated  that  reductive  dechlorination  of  highly  chlorinated  phenols  with  H2  as  an  electron 
donor  have  higher  reduction  potentials  (E0>  289  mV)  and  yield  more  energy,  than  with  S042" 
or  CO2  as  electron  acceptors.  For  this  reason,  PCP  dechlorination  under  S04  -reducing  and 
methanogenic  conditions  has  been  observed  more  commonly  than  under  aerobic  or  NO3  - 
reducing  conditions.  As  the  number  of  chlorine  substituents  of  the  CP  decreases,  the  lower  its 
reduction  potential,  and  the  less  effective  it  functions  as  an  electron  acceptor.  On  the  other 
hand,  these  intermediates  serve  as  better  electron  donors.  This  probably  explains  the 
accumulation  of  CPs  with  one  to  three  chlorines  from  reductive  dechlorination  of  PCP  under 
methanogenic  conditions,  and  relatively  rapid  degradation  of  these  intermediates  under  aerobic, 
N03"  and  S042"  reducing  conditions.  Haggblom  (1998),  among  others,  have  demonstrated  that 
lower  CPs  function  as  sole  C  and  energy  source  under  S04  "  reducing  conditions  in  estuarine 
sediments. 

Because  reductive  dechlorination  results  in  the  conversion  of  highly  chlorinated 
chemicals  to  products  that  are  amenable  to  aerobic  degradation,  it  is  suggested  that  sequential, 
two-stage  anaerobic-aerobic  microbial  processes  may  be  effective  at  detoxifying  these 
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chemicals.  Wetlands,  with  their  aerobic  and  anaerobic  interfaces,  provide  a  unique 
environment  to  promote  these  sequential  reactions.  For  example,  reductive  dechlorination  of 
PCP  to  lower  chlorinated  congeners  under  anaerobic  conditions  (perhaps  induced  by  soil 
flooding)  could  be  subsequently  oxidized  to  C02  under  aerobic  conditions  (such  as  during  soil 
draining).  Alternately,  lower  chlorinated  congeners  produced  through  reductive  dechlorination 
in  anaerobic  soil  layers  in  a  flooded  soil  system  may  diffuse  to  aerobic  zones  (e.g.  the  soil- 
water  interface  or  rhizosphere),  and  subsequently  metabolized  to  C02  (Fig.  1.4). 

Besides  the  influence  of  electron  acceptor  availability,  CP  degradation  may  be 
restricted  in  natural  soil  systems  where  temperatures  are  below  optimum  for  microbial  growth. 
Laine  and  Jorgensen  (1997)  found  aerobic  bioremediation  of  CP  contaminated  soils  in  Finland 
was  limited  to  about  6  months  in  a  year  when  temperatures  were  >10°  C.  Trevors  (1982) 
demonstrated  aerobic  degradation  of  PCP  by  Pseudomonas  spp.  at  temperatures  as  low  as  4°C. 
Kohring  (1989)  found  reductive  dechlorination  of  2,4-DCP  in  anaerobic  pond  sediments 
occurred  at  between  5  and  50°C,  with  rates  exponentially  increasing  (k=0.029  °C~')  between 
13°C  and  30°C,  and  decreasing  outside  this  range.  Lag  times  before  onset  of  reductive 
dechlorination  were  extended  when  temperatures  were  outside  the  range  25°C  and  35°C. 
Larsen  et  al.  (1991)  demonstrated  the  potential  for  thermophilic  (50°C)  reductive 
dechlorination  of  PCP  in  a  variety  of  environments  including  freshwater  sediments,  sewage 
sludge,  and  digested  manure  under  methanogenic  conditions. 

Very  little  is  known  about  the  influence  of  nutrient  availability  on  degradation  of  CPs. 
This  may  be  attributed  to  nutrient-rich  conditions  commonly  imposed  in  biodegradation 
experiments,  and  the  difficulty  in  estimating  nutrient  bioavailabilty,  which  is  a  function  of  a 
complex  set  of  chemical  reactions  in  soils  (Robertson  and  Alexander,  1992).  Schmidt  (1996) 
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and  Cassidy  et  al.  (1997)  found  PCP  degradation  by  Pseudomonas  spp.  was  enhanced  after 
amendments  with  inorganic  phosphorus  (P),  but  was  either  unaffected  or  inhibited  with 
inorganic  nitrogen  (N)  in  groundwater  and  soil  samples.  In  contrast,  Mueller  et  al.  (1991a) 
found  N  and  P  amendments  either  inhibited  or  had  no  affect  on  PCP  degradation  in  aerobic 
soils  and  sediments.  Kuwatsuka  and  Igarashi  (1975)  found  no  significant  relationship  between 
PCP  degradation  and  bioavailable  P  in  anaerobic  soils.  Degradation  of  PCP  by  lignolytic 
Phanerochaete  chrysosporium  is  promoted  under  N-starved  conditions  (Mileski  et  al.,  1988). 
Clearly,  more  work  needs  to  be  conducted  to  define  the  optimal  bioavailable  nutrient 
concentrations  required  for  biodegradation  of  toxic  organics  in  soils. 

Unlike  degradation  of  most  naturally-occurring  organic  substrates,  degradation  of 
xenobiotic  compounds  may  be  confounded  by  toxicity  effects.  For  example,  high  levels  of 
chemical  in  the  dissolved  phase  are  often  toxic  to  degrading  microorganisms;  however 
threshold  levels  are  species-  and  chemical-  dependant.  For  example,  dissolved  4-MCP  at  240, 
485,  and  9774  uM  totally  inhibited  degradation  by  Alcaligenes,  Pseudomonas,  and 
Azotobacter,  respectively  (Lang  and  Viedt,  1994).  Pentachlorophenol  is  more  toxic  than  lower 
chlorinated  phenols,  with  inhibition  coefficients  of  5  uM  and  3-7  uM  for  aerobic  and  anaerobic 
mixed  microbial  cultures,  respectively  (Klecka  and  Maier,  1985;  Uberoi  and  Bhattacharya, 
1997).  Mileski  et  al.  (1988)  demonstrated  that  toxicity  also  depends  on  growth  stage  of  the 
microbial  culture,  with  15  uM  and  1900  uM  inhibiting  growth  of  the  early  spore  and  late 
mycelial  phases  of  Phanerochaete  spp.,  respectively.  In  soils,  toxicity  effects  may  be  abated 
when  contaminants  are  partitioned  with  the  solid  phase  (van  Loosdrecht  et  al.,  1990).  For 
example,  Apajalahti  and  Salkinoja-Salonen  (1984)  demonstrated  that  the  presence  of  bark 
chips  as  sorbent  was  essential  for  microbial  degradation  of  dissolved  PCP  >  10  uM.  Therefore, 
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knowledge  of  the  magnitude  of  contaminant  sorption  with  soil  particles  is  essential  when 
determining  whether  toxicity  will  be  a  factor  limiting  bioremediation. 

Sorption 

Chlorophenols  and  related  non-volatile  compounds  introduced  into  the  soil  exist 
predominantly  in  two  phases:  (i)  dissolved  in  aqueous  solution  or  (ii)  sorbed  to  the  solid  phase. 
The  ratio  of  these  two  concentrations  at  equilibrium  (i.e.  when  rates  of  sorption  equal  rates  of 
desorption),  described  as  the  partitioning  coefficient,  plays  a  pivotal  role  in  regulating 
contaminant  toxicity,  mobility  in  the  environment,  and  availability  for  plant  and  microbial 
uptake. 

Since  horizontal  and  vertical  contaminant  transport  in  flooded  soils  occurs  mainly 
through  diffusion  or  mass  flow  processes,  sorption  to  the  solid  phase  curtails  mobility  by 
regulating  concentrations  in  the  dissolved  and  colloidal  pools.  On  the  one  hand,  solid  phase 
sorption  retards  vertical  and  horizontal  movement,  thereby  protecting  downstream 
environments.  On  the  other  hand  however,  solid  phase  sorption  may  interfere  with  the  free 
movement  of  contaminants  from  non-degrading  zones  (e.g.  NO3  -  reducing  zone)  to  degrading 
zones  (e.g.  aerobic  or  methanogenic  zones),  thereby  limiting  biodegradation  potential  of  the 
soil.  Contaminant  mobility  and  toxicity  may  be  enhanced  when  significant  amounts  are 
associated  with  the  colloidal  phase. 

Sorption  may  curtail  contaminant  bioavailability,  hence  degradation  kinetics  in  soils,  by 
interfering  with  the  preliminary  steps  of  intracellular  degradation,  namely  (i)  physical 
interactions  between  the  contaminant  and  degrading  microorganism,  and  (ii)  active  or  passive 
transport  processes,  and  diffusion  across  the  microbial  membrane  (the  latter  mechanism 
observed  for  hydrophobic  pollutants  (Mihelcic  et  al.,  1993;  Escher  et  al.,  1996a;  Escher  et  al., 
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1996b).  Ogram  et  al.  (1985)  were  among  the  first  to  show  that  biodegradation  of  2,4-D  in  soil 
was  a  desorption-limited  process.  Scow  and  Alexander  (1992)  further  demonstrated  that 
substrate  degradation  was  regulated  by  intra-particle  diffusion  of  chemical  to  the  dissolved 
phase,  and  noted  an  inverse  relationship  between  the  rate  of  degradation  and  soil  particle  size. 

The  influence  of  sorption  on  biodegradation  kinetics  may  be  relaxed  under  certain 
conditions,  for  example  when  degradation  is  mediated  by  extracellular  enzymes,  or  by  motile 
organisms,  which  have  ready  access  to  contaminants  contained  in  larger  pore  spaces  (>2  urn) 
(Mihelcic  et  al.,  1993).  Under  these  conditions,  physical  interactions  would  be  increased 
compared  to  when  contaminants  and  microorganisms  are  isolated  and  trapped  inside  soil 
particles. 

After  a  soil  contamination  episode,  it  may  take  some  time  before  equilibrium  sorption 
conditions  are  attained.  During  this  period,  non-equilibrium  sorption  occurs,  in  which  the 
amount  of  contaminant  that  is  sorbed  increases  (and  solution  phase  decreases)  over  time  until 
an  equilibrium  condition  is  reached.  Brusseau  and  Rao  (1989)  compiled  literature  values  for 
sorption  rates  and  corresponding  equilibrium  coefficients  for  a  multitude  of  chemicals,  and 
discovered  an  inverse  log-log  linear  relationship  between  these  parameters.  The  relationship 
was  very  strong  (r2=0.95)  for  nonionizable  hydrophobic  chemicals,  but  a  separate  relationship 
was  weak  (r2 =0.4)  for  ionizable  hydrophobic  contaminants.  They  proposed  that  non- 
equilibrium  sorption  was  due  primarily  to  two  processes:  intraorganic  matter  diffusion  and 
chemical  reactions  at  specific  sites  on  the  soil  surface.  Based  on  their  empirical  equation,  it 
may  take  over  24  h  to  reach  maximum,  equilibrium  sorption  conditions  for  nonionizable 
hydrophobic  chemicals  with  high  partition  coefficients  (>330  mL  g"1).  Depending  on  the 
kinetics  of  other  transformation  processes  in  the  soil,  chemicals  may  have  relatively  high 
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mobility,  toxicity,  and  bioavailability  for  degradation  during  non-equilibrium  sorption 
conditions,  which  would  be  underestimated  if  equilibrium  conditions  are  assumed. 

Sorption  consists  of  several  mechanisms  that  can  be  generally  grouped  into  adsorption, 
referring  to  enthalpy-driven  surface  phenomena,  and  absorption,  defined  as  the  entropy-driven, 
three-dimensional  process  referred  to  as  hydrophobic  sorption  (Hassett  and  Banwart,  1989). 
Adsorption  consists  of  several  types  of  physical  and  chemical  interactions  between  the 
contaminant  and  soil  surfaces,  including  London-van  der  Waals  forces,  ion  exchange, 
hydrogen  bonding,  ligand  exchange,  and  chemisorption.  Hydrophobic  sorption  involves 
partitioning  of  nonpolar  contaminants  out  of  the  aqueous  phase  onto  hydrophobic  surfaces  in 
the  soil  (e.g.  organic  matter),  which  is  driven  by  a  decrease  in  the  amount  of  structural  water 
that  accompanies  this  process.  Combinations  of  adsorption  and  absorption  phenomena  occur 
simultaneously  in  soils,  and  result  in  decreased  free  energy  of  the  soil-water-contaminant 
system. 

For  low  organic  matter  soils  (<1%)  adsorption  mechanisms  are  believed  to  play  an 
increasingly  important  role  (Shimizu  et  al.,  1992).  For  example,  the  CP  hydroxyl  and  chlorine 
groups  may  form  hydrogen  bonds  with  other  electronegative  substituents  in  the  soil  (e.g.  N,  O, 
S,  F,  CI,  etc.).  Anion  and  ligand  exchange  may  play  a  role  when  the  anionic  form  of  CP 
predominates.  In  wet  soils  with  higher  amounts  of  organic  matter  however,  hydrophobic 
partitioning  is  the  dominant  sorption  mechanism  for  both  anionic  and  neutral  forms  of  CPs 
(Leeet  al.,  1990). 

Hydrophobic  sorption  of  nonionizable  organic  compounds  in  a  two-phase  system  is 
commonly  described  as  a  linear  and  reversible  partitioning  process: 

S  =  KP*A  (1) 
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where  S  is  the  concentration  in  the  soil  (ug  g"1),  Kp  is  the  partition  coefficient  (mL  g"1),  and 

A  is  the  equilibrium  concentration  in  the  aqueous  phase  (ug  mL"1).  For  ionizable  organic 

compounds  such  as  CPs  however,  sorption  by  the  neutral  form  (CP0)  and  anionic  form  (CP  ) 

must  be  taken  into  account  separately  because  they  have  different  partition  coefficients  (Lee 

et  al.,  1990;  Shimizu  et  al.,  1992).  The  relative  proportion  of  each  species  is  a  function  of 

the  chemical  dissociation  coefficient  (Ka)  and  the  proton  concentration  (H?)  of  the  soil 

environment  (Fig.  1.3).  Assuming  that  chemical  concentration  equals  activity, 

CP0  -»  CP"  +  H+  (2) 

Ka=  fCPI  riTl  (3) 
[CP0] 

(CP  )  =  Ka  *  (CP0)  *  (ft)'1,  and  (4) 
(CPtot)  =  (CP0)  +  (CP").  (5) 
Substituting  equation  (4)  into  (5)  and  rearranging  gives: 

<HCPV  (CPt0V  =  (i+iopH-pkar\  (6) 

(CP")  *  (CPtot)_1  =  1-0.  (7) 
The  overall  Kp  can  be  expressed  as  a  function  of  the  species  distribution  in  which  equation 
(1)  becomes, 

Kp=Kp°*(<l>)  +  Kp-*(M>)  (8) 
where  "o"  and  "-"  superscripts  denote  neutral  and  anionic  forms,  respectively  (Lee  et  al., 
1990).  When  pH  «  pKa  then  (1-0)  approaches  zero  and  sorption  of  the  CP  anionic  forms  can 
be  ignored,  in  which  equation  (8)  simplifies  to  equation  (1).  However,  for  highly  chlorinated 
phenols  with  low  dissociation  coefficients,  sorption  of  the  anionic  form  can  rarely  be  ignored  in 
most  soil  environments  with  pH>5  (Fig.  1.3). 
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Because  of  the  strong  dependence  of  hydrophobic  sorption  on  the  organic  C  content  of 
the  soil,  the  partition  coefficients  are  often  normalized  for  this  parameter: 

KOc=Kp*(f0C)-1  (9) 
where      is  the  organic  C  normalized  partition  coefficient  (mL  g  1  OC)  and  foe  is  fraction  of 
organic  C  (g  OC  g"1  soil).  Normalizing  partition  coefficients  for  organic  C  in  equation  (8), 

Koc  =  Koc0  *(♦)  +  Koc-  *(M0-  (10) 
Therefore  from  pKa,  pH,  organic  C  and  equation  (10),  the  sorption  coefficient  (Kp)  for  a 
given  CP  and  soil  can  be  estimated. 

Several  factors,  in  addition  to  organic  C  and  pH,  have  been  shown  to  control 
sorption  of  CPs.  Depending  on  ionic  strength  and  cation  composition,  CP  anions  may  form 
ion  pairs,  which  partition  into  the  organic  phase  (Westall  et  al.,  1985).  The  distribution  of 
contaminants  between  the  solid  (particulate)  and  water  phases  may  be  further  influenced  by 
associations  with  colloidal  and  dissolved  constituents.  In  freshwater  marsh  soils,  Pardue  et  al. 
(1993)  observed  enhanced  apparent  solubility  of  hexachlorobenzene  (HCB)  and  reduced 
sorption  to  particulate  organic  matter  when  the  aqueous  phase  contained  high  levels  of 
dissolved  organic  matter.  Galil  and  Novak  (1995)  also  found  decreased  sorption  of  PCP  with 
particulate  solids  due  to  associations  with  colloids  and  dissolved  organic  matter  in  soils, 
which  they  tentatively  described  as  clay  and  fulvic  acids.  In  wetland  soils,  aerobic  and 
anaerobic  decay  of  plant  and  microbial  cells  generate  large  amounts  of  dissolved  and 
colloidal  organic  material,  thereby  influencing  sorption  and  providing  a  mechanism  for 
enhanced  transport  in  the  soil-water  column  (Pardue  et  al.,  1993;  Rostad,  1997).  These 
differences  may  be  significant  in  wetlands  because  they  contain  the  highest  dissolved  organic 
matter  content  of  any  ecosystem.     Moreover,  by  altering  dissolved  organic  matter 
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concentration,  pH,  redox  potential,  and  other  soil  properties,  it  is  hypothesized  that  aerobic  and 
anaerobic  microbial  activities  in  wetlands  may  significantly  influence  sorption  of  CPs,  however 
their  role  has  yet  to  be  elucidated. 

My  main  motivation  for  the  proposed  research  was  to  fill  a  perceived  gap  about  the  key 
biogeochemical  processes  and  factors  influencing  the  behavior  of  agricultural  pesticides  in 
wetland  systems.  In  this  study,  chlorophenols  (CPs)  were  chosen  as  model  compounds 
because  they  are  common  and  toxic  contaminants,  and  undergo  similar  transformations  as 
other  chlorinated  agricultural  pesticides,  including  PCB's,  2,4,5-T,  2,4-D,  PCNB,  HCB,  and 
lindane.  Although  individual  fate  processes  of  focus  in  this  research  (biodegradation  and 
sorption)  have  been  established  for  agricultural  pesticides  in  a  number  of  studies  using  sewage 
sludge,  upland  soils,  and  pure  and  mixed  cultures,  process  rates  in  these  systems  are  widely 
divergent.  Rarely  have  attempts  been  made  to  relate  the  magnitude  of  these  processes  to 
environmental  properties,  or  couple  these  processes  to  describe  the  fate  of  chemicals  in  a 
complex  system  such  as  wetlands.  It  is  hoped  that  by  including  measurements  from  a  wide 
spectrum  of  wetland  soils,  the  information  obtained  from  this  research  will  be  transferable  to 
other  wetland  sites. 

Objectives  and  Hypotheses 
The  main  objective  of  this  research  is  to  evaluate  the  key  biogeochemical  processes  and 
factors  influencing  the  behavior  of  agricultural  chemicals  in  wetlands.  The  main  processes  to 
be  investigated  are  aerobic  and  anaerobic  biodegradation  and  soil  sorption,  and  will  be  coupled 
together  to  develop  a  fate  model  for  agricultural  chemicals  in  wetlands.  Results  from  the 
experiments  will  ultimately  be  useful  for  the  design  and  management  of  constructed  wetlands 
receiving  chlorinated  agricultural  chemicals.  The  following  main  questions  will  be  addressed: 
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What  roles  do  aerobic  and  anaerobic  microorganisms  play  in  CP  transformations  in  wetlands? 
How  does  sorption  affect  bioavailability  of  CPs  in  wetlands?  Are  there  a  predictive 
relationships  between  the  behavior  of  CPs  and  soil  properties? 

Specific  objectives  and  hypotheses  of  this  research  are: 

Objective  1:  Determine  the  dominant  biogeochemical  regulators  of  activities  of  different 
metabolic  groups  (aerobes,  dentrifiers,  sulfate  reducers  and  methanogens)  that  inhabit 
wetlands. 

Hypothesis:  Wetlands  typically  support  a  diverse  community  of  microorganisms  whose 
activities  influence  the  fate  of  many  pollutants.  The  hypothesis  tested  in  this  study  is  that 
potential  rates  of  metabolic  activities  are  significantly  correlated  to  soil  properties.  Soil 
property-microbial  activity  relationships  can  be  used  to  predict  redox  sensitive  pollutant 
transformation  processes  in  the  wetland  soil  profile. 

Objective  2:  Determine  prevalence  of  chlorophenol  degraders  in  wetland  soils,  and  what 
conditions  promote/limit  this  activity. 

Hypothesis:  Contamination  levels,  availability  of  electron  acceptors  (02,  N03",  S042\  and 
HC03"),  nutrients,  vitamins,  and  electron  donors  strongly  influence  microbial  activity,  and 
probably  influence  PCP  biodegradation  potential  in  contaminated  soils.  Although  wetlands  are 
characterized  by  multiple  redox  zones,  comparison  of  PCP  degradation  under  various  redox 
conditions  in  numerous  wetland  soils  has  yet  to  be  investigated.  It  is  hypothesized  that  PCP 
degraders  are  widespread  in  soils,  but  the  kinetics  and  mechanisms  of  PCP  degradation  will  be 
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influenced  by  various  redox  growth  conditions.  Artificial  manipulation  of  electron 
acceptor/donor  availability  may  provide  a  means  to  optimize  in  situ  remediation. 

Objective  3:  Determine  whether  chlorophenol  sorption  in  wetland  soils  is  influenced  by 
microbial  activities,  and  whether  sorption  can  be  predicted  from  soil  properties. 
Hypothesis:  Aerobic  and  anaerobic  microbial  activities  have  profound  effects  on  soil 
properties,  including  pH,  dissolved  and  colloidal  organic  carbon  concentration,  and  ionic 
strength.  Wetlands  typically  contain  an  accumulation  of  organic  matter  derived  from  degraded 
plant  detritus  and  humic  substances.  These  properties  in  turn  influence  the  sorption  behavior  of 
CPs.  Therefore  it  is  hypothesized  that  different  types  of  microbial  activities  would 
significantly  affect  CP  partitioning  in  soils,  and  measurement  of  key  soil  properties  would 
allow  accurate  prediction  of  the  magnitude  of  this  process. 

As  a  final  objective,  data  collected  from  individual  experiments  will  be  synthesized  into 
a  computer  model  to  predict  the  fate  of  PCP  in  the  wetland  soil  column.  Through  sensitivity 
analysis  of  how  changing  soil  conditions  influence  CP  fate,  the  model  may  be  used  in  the 
development  of  design  criteria  for  in  situ  bioremediation.  The  computer  model  may  be  adapted 
to  simulate  the  behavior  of  other  contaminants  in  the  flooded  soil-plant  system. 

Dissertation  Format 

Individual  chapters  in  this  dissertation  were  prepared  as  individual  manuscripts 
intended  for  future  publication.  In  this  Chapter,  a  general  introduction  of  wetland  microbial 
processes,  chlorophenol  transformations  and  regulators,  and  research  objectives  were 
presented.  In  Chapter  2,  the  regulators  of  activities  of  several  metabolic  groups  in  wetland  soils 
were  investigated.  In  Chapter  3,  the  regulators  of  PCP  degradation  in  wetland  soils  were 
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evaluated.  In  Chapter  4,  the  influence  of  aerobic  and  anaerobic  microbial  processes  on 
chlorophenol  sorption  was  investigated.  In  Chapter  5,  a  computer  model  was  developed,  which 
coupled  transformations,  transport,  and  partitioning  processes  to  predict  the  fate  of  CP  in  the 
wetland  soil  profile.  Chapter  6  provides  a  summary  and  conclusions  of  results  described  in 
previous  chapters. 


CHAPTER  2 

REGULATORS  OF  HETEROTROPHIC  MICROBIAL  POTENTIALS 

IN  WETLAND  SOILS 

Introduction 

Natural  and  constructed  wetlands  are  recognized  as  critical  components  of  the 
landscape  because  they  often  function  as  efficient  transformers  of  agricultural,  industrial, 
and  domestic  point  and  non-point  discharges,  thereby  improving  water  quality. 
Moreover,  concerns  about  the  adverse  effects  of  eutrophication,  greenhouse  gas 
emissions,  toxic  organics  and  metals  on  environmental  quality  have  drawn  attention  to 
the  need  for  research  on  the  role  of  wetlands  as  sources  and  sinks  of  these  pollutants  and 
factors  affecting  pollutant  transformations. 

Many  transformations  in  wetlands  are  directly  mediated  by  diverse  groups  of 
aerobic  and  anaerobic  microorganisms  in  the  soil.  Microbial  activities  also  indirectly 
influence  redox  potential-  and  pH-sensitive  processes,  such  as  trace  metal  and 
phosphorus  solubility,  precipitation,  sorption,  and  hence  mobility  (D'Angelo  and  Reddy, 
1994;  Gambrell,  1994;  Olila  and  Reddy,  1997;  Reddy  et  al.,  1998).  Depending  on  the  soil 
and  other  site-specific  properties,  there  may  be  several  orders  of  magnitude  differences  in 
rates  of  microbial  activity.  This  makes  it  difficult  to  predict  pollutant  fate  without 
extensive  experimentation  on  a  site  by  site  basis.  Development  of  a  database  of  soils 
information  including  rates  of  microbial  processes  and  relatively  easily  measurable 
properties  may  produce  relationships  that  could  be  used  to  predict  potential  rates  of 
microbial  activity  in  many  different  types  of  soil  environments. 
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A  number  of  studies  have  found  significant  correlations  between  microbial 
respiration  rates  in  soils  and  environmental  properties,  including  nutrient  availability 
(Aerts  and  Toet,  1997;  Amador  and  Jones,  1993;  McKinley  and  Vestal,  1992),  pH 
(Bergman  et  al.,  1998),  temperature  (Bridgham  and  Richardson,  1992;  Prieme,  1994; 
Westermann  and  Ahring,  1987),  and  electron  donors  (Burford  and  Bremner,  1975; 
Crozier  et  al.,  1995;  Jorgensen  and  Richter  1992;  Yavitt  and  Lang,  1990).  However, 
results  from  different  studies  often  lead  to  conflicting  conclusions,  and  relationships 
between  microbial  process  rates  and  soil  properties  are  often  unpublished.  Moreover, 
many  experiments  have  limited  scope  with  respect  to  the  range  of  soil  characteristics  and 
metabolic  processes  studied,  so  that  predictions  for  soils  with  characteristics  outside  of  a 
narrow  range  require  extrapolation. 

Wetland  soils  are  different  from  most  upland  or  aquatic  soils  and  sediments 
because  they  often  undergo  intermittent  flooding  and  draining,  thus  supporting  both 
aerobic  and  anaerobic  microbial  populations  that  exploit  a  wide  range  of  electron 
acceptors  during  respiration,  such  as  02,  N03 ,  Fe(UI),  S042",  and  C02  (Lovley  and  Klug, 
1986;  Sorensen  et  al.,  1979).  Wetlands  also  contain  soils  ranging  from  mineral  to  organic, 
eutrophic  to  oligotrophic,  and  saline  to  freshwater  (Reddy  et  al.,  1998).  Therefore,  soil 
microbial  activity-property  relationships  for  wetlands  require  evaluation  of  aerobic  and 
several  modes  of  anaerobic  respiration  for  soils  with  a  wide  range  of  characteristics. 

The  hypothesis  tested  in  this  study  is  that  potential  rates  of  aerobic  respiration, 
denitrification,  sulfate  reduction  and  methanogenesis  in  wetland  soils  are  significantly 
correlated  to  soil  properties.  This  study  provides  empirical  relationships  that  predict 
potential  rates  of  heterotrophic  activity  from  relatively  easily  measurable  wetland  soil 
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characteristics.  These  relationships  may  be  useful  for  predicting  rates  of  microbial 
transformations  of  many  chemical  species  and  their  fate  in  the  wetland  environment. 

Materials  and  Methods 

Soil  Collection  and  Incubation 

Three  mineral  and  seven  organic  soils  were  collected  from  various  wetlands  in  the 
continental  U.S.A.  (Table  2.1),  which  included  soils  from  freshwater  and  estuarine, 
eutrophic  and  oligotrophic,  organic  and  mineral,  and  natural  and  constructed  wetlands. 
Selection  of  soils  from  these  wetlands  was  arbitrary,  except  that  it  was  desired  to  obtain  soils 
with  a  wide  range  of  chemical  characteristics  so  that  derived  relationships  would  be  widely 
applicable.  Soils  were  collected  under  drained  (CR,  LAAF,  NCB)  or  flooded  conditions 
(remaining  soils),  hence  were  initially  at  different  levels  of  water  content  and  redox 
potential.  Surface  15-cm  sections  of  soil  were  collected  with  a  polyvinyl  chloride  (PVC) 
corer,  which  was  then  transferred  to  a  4-L  plastic  bottle,  and  returned  in  an  ice  chest  to  the 
laboratory  by  overnight  mail.  When  present,  surface  water  samples  from  each  wetland  were 
also  collected.  Soils  were  passed  through  a  0.5-cm  mesh  sieve  to  remove  large  plant  debris, 
shells,  and  stones.  Soils  and  water  were  stored  for  a  maximum  of  3  months  at  4°C  before 
being  used  in  experiments. 

Aerobic,  denitrifying,  sulfate  reducing,  and  methanogenic  activities  were  determined 
from  soil  slurries,  which  were  prepared  from  soil  and  site  water  or  deionized  water.  Slurries 
were  used  to  avoid  diffusion  constraints  and  development  of  anaerobic  microsites.  Bulk 
densities  of  slurries  were  0.06-0.4  g  cm"3  for  organic  soils  and  0.1-0.7  g  cm"3  for  mineral 
soils,  which  were  chosen  to  maximize  solids  content  while  maintaining  soil  homogeneity. 
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Slurries  were  preincubated  under  anaerobic  conditions  to  consume  electron 
acceptors  initially  present  in  the  soil.  Five-mL  subsamples  of  the  slurry  were  transferred  to 
27-mL  tubes  (Bellco  Glass,  Vineland,  NJ),  sealed  with  butyl  stoppers/aluminum  crimps 
(Wheaton,  Millville,  NJ)  and  purged  with  02-free  N2.  Anoxic  conditions  were  confirmed  by 
gas  chromatography.  Samples,  in  triplicate,  were  incubated  horizontally  in  the  dark  at  28°C 
with  shaking  at  180  rpm  with  2.5  cm  rotation  diameter  (New  Brunswick  Incubator  Shaker 
Model  G25,  Edison,  NJ)  in  order  to  avoid  diffusion  constraints  and  development  of 
microsites  (Stark,  1996).  Preliminary  experiments  showed  that  rates  of  methane  production 
were  not  significantly  affected  by  this  shaking  protocol  compared  to  unshaken  controls.  The 
length  of  the  preincubation  period  was  determined  from  the  time  to  reach  the  maximum 
reducing  condition,  which  was  indicated  from  accumulation  of  methane  in  the  headspace  of 
the  tubes. 

After  maximum  reducing  conditions  were  attained,  soil  slurries  were  amended  with 
different  electron  acceptors.  Electron  acceptor  treatments  included  aerobic  (1  mL  distilled 
water  +  5  mL  O2),  denitrifying  (1  mL  deoxygenated  80  mmol  L"1  KNO3  with  and  without  4 
mL  C2H2),  sulfate  reducing  (1  mL  deoxygenated  20  mmol  V  K2SO4),  Fe(UI)-reducing  (2 
mL  deoxygenated  140  mmol  L"1  bioavailable  Fe(JU)  solution),  and  methanogenic  controls 
(1  mL  deoxygenated  water).  For  some  soils,  additional  electron  acceptor  amendments  were 
required  during  the  incubation  period  to  maintain  nonlimiting  concentrations  for  zero-order 
kinetics  (Bak  and  Pfennig,  1991;  Hallberg  et  aL,  1976;  Murray  et  aL,  1989;  Tiedje,  1994). 
Acetylene  was  prepared  by  reaction  of  CaC2  with  water.  Fe(JJI)  solution  was  prepared  by 
neutralizing  FeCb  solution  with  10  M  NaOH,  followed  by  several  water  rinses  of  precipitate 
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to  remove  excess  chloride  (Ghiorse,  1994;  Lovley  et  al.,  1991).  Soils  (LSM,  NCB,  and 
LAAF)  with  low  amounts  of  bioavailable  Fe  were  not  evaluated  for  Fe(IH)  reduction. 

Oxygen  consumption  (aerobic  treatments)  and  N2O  production  (denitrifying 
treatments)  were  determined  by  gas  chromatographic  analysis  of  headspace  gases  every  half 
hour  for  the  initial  3  h,  followed  by  daily  and  biweekly  measurements.  Carbon  dioxide  and 
CH4  in  the  headspace  were  measured  by  gas  chromatography  at  daily  and  biweekly 
intervals.  In  the  sulfate  treatments,  dissolved  SO4  "  in  soil  was  measured  every  3-5  d  by  ion 
chromatographic  analysis  of  extracts  obtained  by  shaking  soils  with  10  mL  1.7  mmol  L"1 
NaHC03/1.8  mmol  L"  Na2CC<3  solution  for  one  hour,  centrifuging  at  400  g  for  15  min 
(Sorvall  Model  RC5,  Wilmington,  DW),  and  filtering  with  0.45-um  membrane  filter.  The 
alkaline  extractant  was  used  to  prevent  sorption  of  S042  with  anion  exchange  sites  of  soil 
particles.  In  the  Fe(III)  treatments,  attempts  were  made  to  measure  biotic  reduction  by 
analyzing  production  of  Fe(II)  in  1  M  HC1  soil  extracts  (Lovley  and  Phillips,  1987).  Due  to 
accumulation  of  reduced  chemical  species  during  methanogenic  preincubation  however,  it 
was  not  possible  to  differentiate  biotic  and  abiotic  Fe(III)  reduction.  Therefore,  Fe(ITJ) 
reduction  rates  were  not  measured  in  this  study.  Electron  acceptors,  C02,  and  CH4  were 
monitored  for  a  total  of  20  d. 
Soil  Chemical  Analysis 

At  the  end  of  the  methanogenic  preincubation  period,  three  samples  were  sacrificed 
for  chemical  analysis.  After  centrifugation  at  400  g  for  15  min,  0.1  mL  supernatant  was 
removed  for  Fe(El)  determination  using  ferrozine-hepes  color  reagent  (Lovley  and  Phillips, 
1987).  The  pH  was  immediately  determined  by  immersing  a  combined  pH  electrode  in  the 
supernatant.  Soils  were  sequentially  extracted  by  shaking  with  10  mL  deoxygenated  distilled 
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water  and  10  mL  deoxygenated  1  M  KC1  for  one  hour  each.  Individual  extract  solutions 
were  separated  from  solids  by  centrifugation  and  filtration  with  0.45-um  membrane  before 
chemical  analysis.  Water  extracts  were  analyzed  for  electron  acceptors  (NO3"  and  SO42), 
inorganic  nutrients  (NH/,  P043 ,  Ca2+,  Mg2+,  Fe),  and  organic  C.  The  KC1  extracts  were 
analyzed  for  exchangeable  NH/  and  P043".  Water  and  KC1  exchangeable  NH/  and  P043" 
were  summed  to  estimate  the  available  forms  for  biological  utilization.  The  amount  of  H2S  at 
the  end  of  the  methanogenic  incubation  period  was  estimated  from  the  amount  of  SO42" 
produced  20  d  after  addition  of  O2  in  the  aerobic  treatment. 

Carbon  in  living,  non-resting  microbial  biomass  was  estimated  using  the  substrate- 
induced  respiration  technique,  in  which  aerobic  CO2  production  rate  (uL  g"1  h"1)  was 
determined  by  gas  chromatography  every  hour  for  5  h  after  amendment  with  1  mL  YPD 
broth  (Difco  Laboratories,  Detroit,  MI)  to  5  mL  soil  slurrry  at  22°  C  (Howarth  and  Paul, 
1994).  This  was  equivalent  to  the  addition  of  2  mg  glucose,  2  mg  peptone  and  1  mg  yeast 
extract  per  mL"1  soil  solution.  A  conversion  factor  of  50  was  used  to  estimate  microbial 
biomass  C  (ug  g"1)  from  respiration  rate  (Sparling  et  al.,  1990). 
Analytical  Methods 

Total  C  and  N  in  soils  were  determined  with  a  Carlo-Erba  NA-1500  CNS  analyzer 
(Haak-Buchler  Instruments,  Saddlebrook,  NJ).  Total  P  was  determined  by  digestion  of  soils 
with  nitric-perchloric  acid  (Kuo,  1996)  followed  by  elemental  analysis  by  an  inductively 
coupled  argon  plasma  (Thermo  Jarrell  Ash  ICAP  6 IE;  Franklin,  MA).  Dissolved  Fe(H)  and 
bioavailable  Fe  (0.25  M  hydroxylamine  +  0.25  M  HC1  reducible  Fe)  were  determined  by  the 
ferrozine-hepes  colorimetric  method  and  measuring  absorbance  at  562  nm  using  a  Shimadzu 
UV/VIS  spectrophotometer  (Columbia,  MD)  (Lovley  and  Phillips,  1987).  Soil  pH  was 
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measured  with  a  semi-micro  combination  glass  electrode  (Orion  Sure-flow;  Fisher 
Scientific,  Pittsburgh,  PA)  and  meter  (Orion  Ionalyzer  model  407A;  Cambridge,  MA). 
Dissolved  NH/  and  soluble  reactive  P  were  analyzed  by  the  salicylate-nitroprusside 
technique  and  ascorbic  acid  technique  (USEPA,  1993),  respectively,  using  a  Technicon 
Autoanalyzer  II  (Terrytown,  NY).  Dissolved  S042"  and  N03"  concentrations  were 
determined  using  a  Dionex  4500i  ion  chromatograph  (Sunnyvale,  CA).  Dissolved  organic  C 
was  determined  using  a  Dohrman  DC  190  carbon  analyzer  (Santa  Clara,  CA). 

Headspace  O2  and  CO2   were  measured  using   a   Shimadzu   8AIT  gas 
chromatograph  equipped  with  thermal  conductivity  detector  (30°C)  with  He  as  carrier 
gas,  and  stainless  steel  columns  (0.3  cm  by  2  m)  packed  with  molecular  sieve  5A  for  02, 
and  Poropak  N  for  C02  (Supelco,  Inc;  Belief onte,  PA),  maintained  isothermally  at  30°C. 
Headspace  CH4  was  measured  using  a  Shimadzu  8AIF  gas  chromatograph  equipped  with 
flame  ionization  detector  (110°C),  with  N2  as  carrier  gas,  and  stainless  steel  Carboxen 
1000  column  (0.3  cm  by  2  m)  (Supelco,  Inc)  maintained  isothermally  at  160°C. 
Headspace  N20  was  measured  using  a  Shimadzu  14A  gas  chromatograph  equipped  with 
63Ni  electron  capture  detector  (300°C)  and  stainless  steel  Poropak  Q  column  (0.3  cm  by  2 
m)  (Supelco,  Inc),  5  kPa  methane  in  argon  as  carrier  gas,  and  maintained  isothermally  at 
30°C.  The  total  amount  of  gases  in  soil  tubes  was  calculated  from  the  partial  pressure  in 
the  headspace  plus  the  amount  dissolved  in  the  aqueous  phase,  using  Henry's  Law 
constants  (mol  L"1  aim"1  at  25°C)  of  1.263xl0"3  for  02  (CRC,  1984),  34.1xl0"3  for  C02 
(Butler,  1982;  Gale  et  al.,  1992),  and  1.49xl0"3  for  CH,  (Thibodeaux,  1979),  and  using  a 
Bunsen  absorption  coefficient  of  0.544  for  N20  (Tiedje,  1994).   Dissolved  carbonate 
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species  were  also  included  in  calculations  for  total  CO2  production,  using  carbonate 
equilibrium  constants  and  pH  as  described  previously  by  Gale  et  al.  (1992). 
Data  Analysis 

Rates  of  consumption  of  electron  acceptors  and  production  of  CO2  and  CH4  by  the 
slurries  were  best  described  by  zero-order  kinetics  (umol  g-1d"')  determined  from  the  slopes 
of  the  best-fit  regression  line  obtained  during  the  experimental  period.  Since  experiments 
were  conducted  at  non-limiting  electron  acceptor  reducing  conditions,  rates  may  be 
considered  as  maximum  velocity  rates  (VmaX)  or  potentials.  Comparisons  among  mean 
values  for  different  electron  acceptors  and  soil  treatments  were  made  using  Fishers  Least 
Significant  Difference  (LSD)  tests  performed  by  the  StatGraphics  software  package 
(Manugistics,  Inc.,  Rockville,  MD).  Relationships  between  microbial  activities  and  soil 
properties  were  derived  from  linear  regression  analysis. 

Results  and  Discussion 

Chemical  Properties  of  Soils 

Soils  varied  widely  in  chemical  composition,  including  pH,  total,  dissolved  and 
microbial  C,  N  and  P,  bioavailable  Fe  and  dissolved  Ca2++Mg2+  (Tables  2.2  and  2.3).  Molar 
C:N  and  C:P  ratios  ranged  between  12-36  and  145-3600,  respectively.  Wide  ranges  in 
chemical  characteristics  likely  reflected  differences  in  various  soil  forming  factors  (e.g. 
parent  material,  climate,  vegetation  and  microbiota,  and  topography)  as  well  as 
anthropogenic  influences  (e.g.  nutrient  loading).  In  general,  organic  soils  had  higher  nutrient 
availability  than  mineral  soils,  which  was  especially  evident  in  HLPI  and  W2  soils  that 
received  external  nutrient  loading  from  domestic  and  agricultural  waste  waters,  respectively. 
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Methane  Production  in  Wetland  Soils 

After  soil  flooding,  there  was  a  lag  phase  before  methane  production  that  lasted  10, 
23,  and  20  d  for  initially  drained  CR,  LAAF,  and  NCB  and  <5  d  for  initially  flooded  soils 
(Table  2.4  and  Figs.  2.1-2.3).  Lag  times  likely  reflected  initial  numbers  of  methanogens 
(Raskin  et  al.,  1996),  presence  of  toxic  oxide  intermediates  (Fetzer  et  al.,  1993),  nitrogen 
oxides  (Balderston  and  Payne,  1976;  Kluber  and  Conrad,  1998),  and  microbial  competition 
for  available  resources  (Achtnich  et  al.,  1995a).  However,  survival  of  methanogens  in  oxic 
paddy,  savanna,  and  desert  soils  has  been  previously  demonstrated  (Peters  and  Conrad, 
1995),  and  has  been  postulated  to  be  possible  by  removal  of  toxic  O  radicals  by  superoxide 
dismutase  produced  by  methanogens  (Kirby  et  al.,  1981)  and  neighboring  microbial 
communities,  and  the  ability  of  stable  pyrite  (FeS2)  granules  to  provide  anoxic  microhabitats 
for  methanogens. 

Following  the  lag  period,  there  was  an  exponential  increase  in  methane  production 
that  reached  maximum  steady-state  rates  between  0.1  and  6.2  umol  g"1  d"1  (Table  2.4).  These 
rates  cover  the  range  measured  for  other  systems  including  wetland  soils  (Westermann  and 
Ahring,  1987;  Mayer  and  Conrad,  1990;  Prieme,  1994)  and  lake  sediments  (Strayer  and 
Tiedje,  1978). 

Decomposition  of  Soil  Organic  C  Under  Different  Electron  Acceptor  Reducing  Conditions 

After  steady-state  methane  production  was  attained,  soils  were  amended  with 
different  electron  acceptors  resulting  in  significant  shifts  in  modes  and  rates  of  organic  C 
decomposition  (Figs.  2.1-  2.3;  Tables  2.4,  2.5).  For  many  electron  acceptors  and  soils,  there 
was  a  lag  time  before  maximum  inhibition  of  methanogenesis  was  observed  and  inhibition 
was  often  incomplete  (<90%).  For  example,  in  salt  marsh  sediments,  a  1  d  delay  before 
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Anaerobic  preincubation      After  electron  acceptor  amendments 


Anaerobic  preincubation      After  electron  acceptor  amendments 


0.01    0.1       1        10  100 
Time  (d) 

Figure  2.1.      Methane  production  (a),  C02  evolution  (b),  and  electron 

acceptor  consumption  (c)  in  Louisiana  salt  marsh  soil.  Anaerobic 
preincubation  denotes  time  before  electron  acceptor  amendments.  A 
value  of  unity  was  added  to  N20-N  concentrations  to  allow  plots  on  a 
logarithmic  scale.  Error  bars  represent  ±  one  standard  deviation. 
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After  electron  acceptor  amendments 


Anaerobic  preincubation       After  electron  acceptor  amendments 
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Figure  2.2. 


0.01     0.1        1  10 
Time  (d) 

Methane  production  (a),  C02  evolution  (b),  and  electron  acceptor 
consumption  (c)  in  Alabama  Talladega  sediments.  Anaerobic 
preincubation  denotes  time  before  electron  acceptor  amendments. 
A  value  of  unity  was  added  to  N20-N  concentrations  to  allow  plots 
on  a  logarithmic  scale.  Error  bars  represent  ±  one  standard 
deviation. 
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Anaerobic  preincubation         After  electron  acceptor  amendments 
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Anaerobic  preincubation        After  electron  acceptor  amendments 


0  20         40         60  0  10  20 

Time  (d) 


O  control 
□  +oxygen 
A  +nitrate 
-0—  +sulfate 


0.01     0.1       1        10  100 
Time  (d) 

Figure  2.3.      Methane  production  (a),  C02  production  (b),  and  electron  acceptor 
consumption  (c)  in  North  Carolina  Belhaven  soil.  Anaerobic 
preincubation  denotes  time  before  electron  acceptor  amendments.  A 
value  of  unity  was  added  to  N20-N  concentrations  to  allow  plots  on  a 
logarithmic  scale.  Error  bars  represent  ±  one  standard  deviation. 


Table  2.5.   Effect  of  electron  acceptors  on  CO2  production  rates  of  wetland  soils. 


Electron  acceptor 

Soil                  02            N03"          S042"           C02  LSD 
 umol  g"1  d"1  

Organic 


HLPI 

33.5 

nd* 

nd 

8.6 

1.25 

HLPU 

11.3 

6.0 

3.7 

2.1 

0.67 

W2 

13.3 

5.6 

5.4 

3.8 

0.62 

W8 

10.8 

3.7 

4.5 

2.6 

0.64 

LSM 

8.9 

3.7 

4.1 

2.3 

0.69 

NCB 

3.6 

1.1 

0.5 

0.4 

0.19 

LAAF 
il 

4.7 

1.7 

2.1 

2.1 

0.61 

TAL 

10.7 

2.9 

2.6 

1.7 

0.75 

PPP 

2.5 

0.9 

0.7 

0.5 

0.20 

CR 

1.0 

0.3 

0.3 

0.2 

0.08 

LSD§ 

0.59 

0.56 

0.54 

0.44 

+  Least  significant  difference  (cc=0.05)  between  electron  acceptor  treatments. 
*  nd=not  determined. 

§  Least  significant  difference  (a=0.05)  between  soil  treatments. 
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onset  of  denitrification  corresponded  to  incomplete  (83%)  inhibition  of  methanogenesis 
(Table  2.4  and  Fig.  2.1).  After  this  period,  initiation  of  denitrification  coincided  with 
complete  (100%)  inhibition  of  methanogenesis.  In  several  soils  (HLPU,  TAL,  and  CR), 
Fe(III)  only  partially  inhibited  (49-67%)  methanogenesis  compared  to  the  control, 
demonstrating  that  significant  rates  of  methanogenesis  may  proceed  in  some  soils  in  the 
presence  of  this  electron  acceptor  (Fig  2.2).  Likewise  in  NCB  soil,  a  6  d  lag  before  onset  of 
sulfate  reduction  corresponded  to  a  13-d  lag  before  inhibition  of  methane  production  (Fig. 
2.3). 

The  influence  of  electron  acceptors  on  methanogenesis  was  likely  attributed  to  many 
factors.  Methanogenesis  is  inhibited  by  toxic  levels  of  oxide  compounds  (H2O2  and  O2"), 
nitrogen  oxides,  and  H2S.  Fetzer  and  Conrad  (1993)  determined  that  O2  concentrations  as 
low  as  0.6  uM  (0.002  mg  L"1)  inhibited  methane  production  in  pure  culture  suspensions  of 
Methanosarcina  barkeri.  Concentrations  of  NO3"  between  700  and  1000  uM  (Balderston 
and  Payne,  1976;  Winfrey  and  Zeikus,  1979),  S042"  between  200  and  2000  uM  (Winfrey 
and  Zeikus,  1977;  Yavitt  and  Lang,  1990),  and  H2S  concentrations  between  100  and  20,000 
uM  (Bryant  et.  al.,  1977;  Cappenburg,  1975;  Winfrey  and  Zeikus,  1977)  have  been  found  to 
inhibit  methanogenesis. 

Toxicity  by  electron  acceptors  may  be  attributed  to  enzyme  poisoning  at  elevated 
redox  potentials,  such  as  conversion  of  methanogenic  coenzyme  F420  from  its  active  to 
inactive  form  (Kiener  et  al.,  1988).  Toxicity  by  H2S  may  be  caused  through  reaction  with 
essential  iron  containing  compounds  in  the  cell  (e.g.  ferredoxins  and  cytochromes)  (Okabe 
et  al.,  1995). 
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Methane  inhibition  may  also  occur  when  alternate  microbial  groups  outcompete 
methanogens  for  available  electron  donors  such  as  H2  and  acetate,  due  to  differences  in 
thermodynamic  energy  yields  and  reaction  kinetics  among  groups  (Achtnich  et  al.,  1995a,b; 
Kluber  and  Conrad,  1998). 

Lag  times  before  methane  inhibition  may  reflect  the  time  required  for  denitrifiers 
and  sulfate  reducers  to  increase  in  numbers  sufficiently  to  outcompete  methanogens  for 
electron  equivalents  (Raskin  et  al.,  1996).  Partial  inhibition  of  methanogenesis  may  result 
when  methanogens  utilize  some  types  of  substrates  more  readily  than  Fe(III)  or  S04 " 
reducers,  including  acetate  (Achtnich  et  al.,  1995b),  methylamines,  methionine,  or  methanol 
(Oremland  and  Polcin,  1982)  or  when  electron  donors  are  non-limiting  (Yavitt  and  Lang, 
1990).  Combinations  of  these  processes  likely  play  roles  in  influencing  microbial  activity  in 
these  complex  communities. 

Addition  of  O2  resulted  in  an  immediate  increase  in  CO2  production,  with  rates 
ranging  between  0.2  and  33.5  umol  g"1  d"1  (Figs.  2.1-2.3;  Table  2.5).  Turnover  rates  for  total 
organic  C  (calculated  from  the  ratio  of  mineralization  rate  and  total  C  content)  ranged 
between  0.0002  and  0.00153  d"1.  These  rates  averaged  three  times  faster  than  anaerobic 
rates.  To  our  knowledge,  this  is  the  first  study  to  demonstrate  no  significant  difference 
(p>0.05)  in  soil  organic  C  mineralization  (CO2+CH4  production)  using  N03\  S042"  or  CO2 
as  electron  acceptors  (Fig.  2.4). 

These  results  indicate  that  the  bioavailability  of  organic  C  was  higher  under  aerobic 
conditions,  but  was  similar  under  denitrifying,  S042"-reducing,  and  methanogenic 
conditions.  Zehnder  and  Colberg  (1986)  indicated  that  more  complex  soil  organic 
constituents  (e.g.  lignin  and  humic  substances)  are  available  to  aerobes  through  production 
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Figure  2.4.      Relationship  between  aerobic  and  anaerobic  C02+CH4  production 
rates  under  N03  -reducing,  S042"-reducing,  and  methanogenic 
conditions  in  wetland  soils.  Organic  carbon  mineralization  with 
N03"  and  S042  as  electron  acceptors  was  not  determined  for  HLPI 
soil. 
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of  mono-  and  dioxygenase  enzymes  that  oxidize  these  chemicals.  The  activity  of  these 
enzymes  was  indicated  from  C^CC^  ratios  >1.0,  in  which  excess  02  consumption  may  have 
been  due  to  incorporation  into  organic  molecules.  Under  each  of  the  anaerobic  electron 
acceptor  reducing  conditions  and  when  complex  structural  organic  compounds  predominate, 
the  lack  of  oxygenase  activity  would  be  expected  to  curtail  the  initial  hydrolytic  and 
oxidative  steps  that  are  rate-limiting  to  overall  decomposition  (Kristensen  et  al.,  1995). 
Hence,  rates  of  anaerobic  decomposition  were  similar  under  various  electron  acceptor 
reducing  conditions.  It  has  yet  to  be  established  whether  there  are  significant  differences  in 
mineralization  rates  of  small  molecular  weight  breakdown  intermediates  under  different 
anaerobic  electron  acceptor  reducing  conditions. 

In  many  of  the  Fe(IH)-treated  soils,  CO2  evolution  into  the  headspace  was 
negligible,  which  was  likely  due  to  precipitation  of  Fe(II)  with  carbonate  species  forming 
the  mineral  siderite  (FeCCh).  Sulfate  reducers  that  mediate  Fe(UJ)  reduction  have  been 
shown  to  promote  siderite  formation  (Coleman  et  al.,  1993).  This  process  made  it  difficult  to 
determine  organic  C  mineralization  for  this  treatment. 

Oxygen  consumption  followed  a  nonlinear  trend  with  rapid  rates  during  the  first  day 
(between  11  and  107  umol  g  'd"1),  and  declining  thereafter  (between  1  and  42  umol  g  'd"1) 
(Figs.  2.1-2.3;  Table  2.6).  There  were  significant  differences  (p<0.05)  in  rates  of  O2 
consumption  among  soils,  with  organic  soils  showing  larger  rates  than  mineral  soils.  Molar 
ratios  of  O2  consumption:C02  production  during  these  two  phases  averaged  5.9  and  1.4, 
respectively.  Ratios  greater  than  unity  indicated  consumption  of  O2  by  reduced  soil 
constituents  in  addition  to  organic  C,  including  Fe(II),  NH4*  H2S.  Under  field  conditions, 
Phase  I  rates  of  O2  consumption  would  be  expected  during  the  first  d  after  exposing 
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anaerobic  soils  to  O2,  such  as  following  draining  of  soils,  or  resuspension  of  anaerobic 
sediments  into  aerobic  water  column.  These  rates  may  also  be  expected  at  aerobic-anaerobic 
interfaces,  where  reduced  substrates  diffuse  from  anaerobic  zones  and  are  rapidly  oxidized 
in  adjacent  aerobic  zones.  Phase  II  rates  would  be  expected  in  soils  after  longer  periods  of 
O2  exposure,  and  would  mostly  be  a  result  of  heterotrophic  oxidation  of  organic  carbon. 

Denitrification  occurred  in  three  main  phases:  a  slow  phase  in  the  first  2  h  (0  to  5.3 
umol  N  g"1  d"1,  median  0.23  umol  N  g"1  d"1),  a  rapid  phase  from  1  to  10  d  (0.5  to  9.3  umol  N 
g"1  d"1),  and  a  slower  phase  thereafter  (0.2  to  4.7  umol  N  g"1  d"1)  (Figs.  2.1-2.3;  Table  2.6). 
Denitrification  in  the  first  phase,  referred  to  denitrification  enzyme  activity  (DEA)  (Smith 
and  Tiedje,  1979),  likely  reflected  rates  in  soils  that  receive  very  low  inputs  of  NO3",  such  as 
where  the  only  inputs  to  anaerobic  zones  are  from  nitrification  and  diffusion  from  aerobic 
zones. 

Although  soils  and  sediments  in  the  current  study  were  preincubated  under 
methanogenic  conditions,  most  soils  still  maintained  low  levels  of  denitrification  activity 
suggesting  that  denitrifiers  were  surviving  by  alternate  metabolic  processes  (e.g. 
fermentation),  and  were  poised  to  exploit  NO3"  (Jorgensen  and  Tiedje,  1993).  One  exception 
was  the  salt  marsh  sediment  which  showed  no  detectable  DEA;  however,  N20  was  detected 
after  1  d.  There  was  no  significant  difference  (p>0.05)  in  DEA  between  organic  and  mineral 
soils.  Denitrification  in  the  second  phase  is  equal  to  denitrification  potential  (DP)  of  the  soil, 
and  was  significantly  greater  for  organic  compared  to  mineral  soils.  DEA  and  DP  measured 
in  this  study  were  in  the  range  measured  in  agricultural  soils  (Pell  et  al.,  1996;  Myrold  and 
Tiedje,  1985;  Tiedje  et  al.,  1982),  forest  soils  (Tiedje  et  al.,  1982),  wetland  soils  (Groffman 
et  al.,  1992;  Gale  et  al.,  1993;  Schipper  et  al.,  1993),  and  lake  sediments  (D'Angelo  and 
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Reddy,  1993),  but  were  smaller  than  measured  in  anaerobic  digester  sludge  (Kaspar  et  al., 
1981). 

Molar  ratios  of  N20:C02  production  during  three  phases  of  denitrification  averaged 
0.3,  1.1,  and  0.65,  respectively.  Values  below  the  theoretical  value  of  0.8  suggest  that 
alternate  pathways  besides  denitrification  (e.g.  fermentation)  probably  played  a  role  in  the 
terminal  step  of  organic  C  mineralization.  Higher  values  suggested  that  alternate  electron 
donors  contributed  to  N2O  production,  which  may  include  reduced  S  compounds  mediated 
by  sulfur  oxidizing  bacteria  such  as  Thiobacillus  denitrificans  (Dannenberg  et  al.,  1992). 

All  wetland  soils  showed  potential  for  sulfate  reduction  after  exposure  to  S042"  with 
rates  ranging  between  0.1  and  11  umol  g"1  d"1  (Figs.  2.1-2.3;  Table  2.6).  Under  flooded 
wetland  conditions,  most  soils  probably  sustain  some  level  of  S042  reduction  since  (i)  they 
contained  significant  S042  concentrations  (>  200  umol  L'1  ;  D'Angelo  and  Reddy,  1998, 
unpublished  results)  that  are  greater  than  the  Km  of  50  to  100  uM  reported  for  this  process 
(Ingvorsen  et  al.,  1981;  Smith  and  Klug,  1981),  and  (ii)  S042~  reducers  are  ubiquitous  in  the 
environment,  gaining  energy  from  a  wide  selection  of  electron  acceptors  including  O2, 
Fe(in),  and  nitrogen  oxides,  as  well  as  fermentation  (Coleman  et  al.,  1993;  Dannenburg  et 
al.,  1992).  Belhaven  muck  agricultural  soil  showed  a  6  d  lag  phase  before  sulfate  reduction 
was  observed,  which  may  have  reflected  the  time  required  for  populations  to  switch  from 
fermentation  to  S042~  reduction  (Fig.  2.3). 

Sulfate  reduction  proceeded  significantly  faster  (p<0.05)  in  organic  soils  compared 
to  mineral  soils.  Rates  determined  in  this  experiment  were  in  the  same  range  reported  for 
upland  soils  (Peters  and  Conrad,  1996),  wetland  soils  (Achtnich  et  al.,  1995a,  b;  Howes  et 
al.,  1984;  Westermann  and  Ahring,  1987;  Yavitt  and  Lang,  1990)  and  lake  sediments  (Bak 
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and  Pfennig,  1991;  Smith  and  Klug,  1981).  After  lag  periods  in  sulfate  reduction,  average 
molar  ratio  of  S042'  reduction:C02  production  equaled  the  theoretical  value  0.5,  indicating 
SO42"  reduction  dominated  the  terminal  step  in  organic  matter  decomposition. 

Addition  of  Fe(III)  to  methanogenic  soils  resulted  in  immediate  accumulation  of 
high  amounts  of  Fe(II),  which  did  not  significantly  increase  during  the  course  of  the 
experiment  (data  not  shown).  High  background  Fe(II)  was  likely  caused  by  chemical 
reduction  with  accumulated  H2S,  which  made  it  difficult  to  determine  biotic  Fe(III) 
reduction  rates  for  this  treatment.  Abiotic  reduction  could  have  probably  been  avoided  by 
first  aerating  the  soils  to  oxidize  the  reduced  constituents,  however  this  was  not  done 
because  of  O2  effects  on  soil  chemistry  and  microbial  activities. 
Relationships  Between  Microbial  Activities  and  Biological  and  Chemical  Properties 

Combining  biological  and  chemical  properties  for  all  soils,  except  those  from  the 
hypereutrophic  marsh  (HLPI),  microbial  biomass  C,  inorganic  N,  DOC,  total  C,  and  total  N 
were  significantly  correlated  (0.57  <  r2<  0.97;  p<0.05)  to  potential  rates  of  O2  consumption, 
denitrification,  SO4  -  reduction,  and  methanogenesis  in  wetland  soils  (Table  2.7,  and  Figs. 
2.5  and  2.6).  Inorganic  N  and  microbial  C  were  the  most  reliable  and  best  correlated  to 
heterotrophic  activity  in  all  wetland  soils  (including  HLPI).  They  were  likely  good 
predictors  because  they  are  indicators  of  the  amount  of  soil  organic  C  that  is  readily 
utilizable  by  heterotrophic  microorganisms.  It  is  suggested  that  measurement  of  these  soil 
chemical  properties  may  provide  a  good  estimation  of  potential  rates  of  microbial  activity  in 
different  wetland  systems,  which  may  be  helpful  when  more  labor  and  time-consuming 
experimentation  is  not  possible. 
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One  soil  (HLPI)  did  not  fit  several  of  the  microbial  activity-soil  property 
relationships  observed  for  the  other  soils.  For  example,  aerobic,  denitrifying,  sulfate 
reducing,  and  methanogenic  activities  in  this  soil  were  much  higher  than  expected  based  on 
its  DOC  concentration  (Fig.  2.5).  Therefore,  this  soil  was  not  included  in  establishing  the 
relationships.  Because  this  soil  was  from  a  hypereutrophic  marsh  that  received  domestic 
wastewater,  it  is  likely  that  its  fraction  of  labile  C  in  the  DOC  pool  was  higher  than  for 
the  other  wetlands.  Sulfate  reduction  and  DOC  soils  data  from  another  hypereutrophic 
marsh  in  central  Florida  (LAMP)  (D'Angelo  and  Reddy,  1995)  also  fell  well  beyond  the 
range  established  for  the  relatively  unimpacted  wetlands  (Fig.  2.5).  These  results  suggest 
that  microbial  activity-soil  property  relationships  may  be  potentially  useful  as  tools  to 
evaluate  pollution  impacts  to  wetlands,  with  measurements  above  or  below  predicted  values 
indicating  the  zone  of  impact.  However,  verification  of  this  hypothesis  will  require 
additional  measurements  from  impacted  wetlands. 

Soil  properties  such  as  available  P,  dissolved  Ca2+  +  Mg2+,  pH,  and  bioavailable  Fe 
were  not  significantly  related  with  most  heterotrophic  activities  (p>0.05),  suggesting  that 
availability  of  these  constituents  was  satisfactory  to  meet  respiration  requirements  in  these 
wetland  soils.  This  result  may  be  attributed  to  efficient  nutrient  uptake  systems  of 
microorganisms  (half-saturation  coefficient  in  the  micromolar  to  low  millimolar  range; 
Button,  1985),  and  homeostatic  control  mechanisms  that  control  pH  despite  changes  in 
external  pH  (Padan,  1984).  The  lack  of  negative  correlations  with  H2S  suggested  that 
activities  were  not  inhibited  by  H2S  toxicity.  Together  these  results  demonstrate  that  (i) 
availability  of  electron  acceptors  and  organic  substrates  are  the  dominant  chemical 
regulators  of  heterotrophic  potentials  in  most  organic  and  mineral  wetland  soils  and  (ii) 
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measurements  of  these  characteristics  may  provide  estimates  of  heterotrophic  potentials  of 
wetland  soils. 

Conclusions 

This  study  demonstrated  the  importance  of  several  soil  factors  in  regulating 
potential  rates  and  modes  of  organic  carbon  mineralization  in  wetland  soils,  with  electron 
acceptor  and  donor  availability  found  to  be  dominant.  Electron  acceptors  including  02 
and  NO3"  generally  resulted  in  complete  and  immediate  inhibition  of  methanogenesis; 
Fe(III)  and  S04  "  often  resulted  in  less  effective  inhibition.  While  aerobic  organic  C 
mineralization  rates  were  about  three  times  faster  than  under  anaerobic  conditions,  there 
was  no  significant  difference  in  rates  with  N03 ,  S042  or  C02  as  electron  acceptors. 
Including  data  from  all  wetland  soils  except  hypereutrophic  HLPI  marsh,  aerobic, 
denitrifying,  sulfate  reducing  and  methanogenic  potentials  were  strongly  correlated  to 
microbial  biomass  C,  inorganic  N,  DOC,  total  C,  and  total  N.  Relationships  found  among 
these  parameters  and  microbial  activities  in  this  study  may  have  dual  significances:  (i) 
predict  potential  rates  of  microbial  processes  across  different  wetland  systems,  and  (ii) 
assess  zones  of  pollutant  impact  on  wetlands. 

Utilization  of  these  relationships  in  the  first  case  is  given  in  the  following  example. 
Calculated  maximum  rates  of  S042"  reduction  and  methanogenesis  are  0.42  and  0.35 

3  1 

umol  cm"  d"  for  a  uniform  flooded  peat  soil  with  the  following  characteristics:  40  cm 
total  depth,  bulk  density=0.3  g  cm"3,  total  C=22  mmol  g"1,  02  penetration  depth=2  cm, 

2  2  1 

and  S04  "  input=10  umol  cm  "  d"  .  Depths  of  sulfate  reduction  and  methanogenesis  are 
calculated  to  be  24  and  14  cm,  respectively,  with  a  potential  methane  release  rate  of  5 
umol  cm"  d"  .  Areal  rates  of  organic  C  mineralization  are  calculated  to  be  6,  13,  and  12 
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umol  cm"  d*  in  the  aerobic,  SO4  -reducing  and  methanogenic  zones,  respectively. 
While  calculated  rates  in  this  example  are  within  ranges  measured  in  wetland  systems 
(Boon  and  Mitchell,  1995;  Crozier  and  Delaune,  1995;  Schutz  et  aL,  1989),  the  database 
from  which  these  relationships  were  derived  needs  to  be  increased  to  include  soils  from 
impacted  and  pristine  systems.  Since  the  fate  of  many  pollutants  (e.g.  nutrients,  heavy 
metals  and  toxic  organics)  are  also  regulated  by  redox  conditions,  these  type  of 
relationships  may  provide  useful  tools  for  modeling  their  fate  in  the  soil  profile.  While 
these  calculations  provide  useful  estimates,  in  situ  flux  rates  may  be  influenced  by  other 
processes  (e.g.  diffusion  and  convective  transport,  removal  of  methane  by  methanotrophs, 
nutrient  uptake  by  plants)  and  environmental  conditions  (limiting  electron  acceptor 
supply,  water  content,  and  temperature).  Future  research  should  be  conducted  to 
incorporate  these  factors  into  the  relationships  developed  in  this  study  to  improve 
predictions  under  a  variety  of  environmental  scenarios. 


CHAPTER  3 

REGULATORS  OF  PENTACHLOROPHENOL  DEGRADATION 
IN  WETLAND  SOILS 

Introduction 

Contamination  of  the  environment  with  polychlorinated  phenols  (CPs)  is  of  global 
concern  because  of  their  widespread  distribution  and  universal  toxicity  to  life  (Escher  et  al., 
1996;  Kankaanpaa  et  al.,  1997;  EPA,  1998).  The  most  common  usage  of  CPs  is  treatment 
of  wood  against  fungi  and  insects,  but  other  sources  include  production  from  bleaching  of 
pulp  using  chlorine  (Kringstad  and  Lindstrom,  1984),  combustion  of  organic  matter  and 
municipal  solid  waste  (Ahling  and  Lingskog,  1982;  Kanters  et  al.,  1996),  and  partial 
degradation  of  phenoxy  pesticides  such  as  2,4-D  and  2,4,5-T  (Mikesell  and  Boyd,  1985; 
Gibson  and  Suflita,  1993). 

Chlorophenols  that  enter  non-target  upland,  wetland,  and  aquatic  environments 
associate  with  colloidal  and  particulate  matter,  and  if  not  photodegraded,  eventually  settle 
onto  the  soil  (Shiu  et  al.,  1994).  There  they  may  succumb  to  biodegradation,  depending  on 
whether  degrading  microorganisms  are  present,  and  if  so,  whether  appropriate  conditions 
exist  that  permit  expression  of  this  activity.  There  is  still  much  controversy  about  which  of 
these  situations  is  responsible  for  persistence  of  chlorinated  toxic  organic  chemicals  in 
these  environments  (Renner,  1998). 

Historically,  environmental  persistence  of  CPs  has  been  attributed  to  absence  of 
degrading  populations.  However,  increasing  numbers  of  observations  in  diverse  habitats 
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suggest  that  degradation  potential  is  widespread,  but  is  manifested  under  only  highly 
restricted  conditions,  including  temperature  (Kohring  et  al.,  1989;  Larsen  et  al.,  1991), 
availability  of  electron  acceptors  (Genther  et  al.,  1989;  Hale  et  al.,  1991;  Madsen  and 
Aamand,  1991;  Haggblom  et  al.,  1993),  electron  donors  (Kuwatsuka  and  Igarashi,  1975; 
Madsen  and  Aamand,  1992;  Perkins  et  al.,  1994;  Chang  et  al.,  1996),  nutrients  (Mileski  et 
al.,  1988;  Schmidt,  1996),  and  toxic  metals  (Kuo  and  Genthner,  1996).  These  properties  are 
often  observed  as  environmental  gradients  resulting  in  a  continuum  of  microbial  activities. 

Aerobic  degradation  of  PCP  by  Flavobacterium  and  Rhodococcus  species,  among 
others,  proceeds  though  sequential  hydroxylation  and  reductive  removal  of  chlorine 
substituents  yielding  poly-hydroxybenzene  compounds,  which  are  eventually  mineralized 
to  CO2  (Uotila  et  al.,  1991;  Xun  et  al.,  1992).  Several  Rhodococcus  species  also  methylate 
PCP,  resulting  in  production  of  volatile  pentachloroanisole  (Middelorp  et  al.,  1990). 
Several  species  of  fungi  mineralize  PCP  via  ligninase  enzymes  (Mileski  et  al.,  1988)  and 
also  produce  extracellular  enzymes  that  polymerize  CPs  with  humic  substances  (Bollag  and 
Liu,  1988;  Bhandari  et  al.,  1996;  Ruttiman-Johnson  et  al.,  1997). 

In  anaerobic  soils,  the  pathway  for  anaerobic  degradation  of  PCP  is  sequential 
replacement  of  chlorines  by  hydrogen  (reductive  dechlorination),  leading  to  phenol, 
benzoate,  acetate,  C02  and  CH4  (Genther  et  al.,  1989;  Zhang  and  Weigel,  1990).  To  date, 
only  a  few  anaerobes  capable  of  reductive  dechlorination  of  PCP  have  been  isolated,  which 
likely  gain  energy  by  coupling  this  process  to  oxidative  phosphorylation  (Mohn  and  Tiedje, 
1991;  Mohn  and  Kennedy,  1992a;  Utkin  et  al.,  1995;  Loffler  et  al.,  1996).  Lesser 
chlorinated  products  likely  provide  carbon  and  energy  for  aerobic  and  anaerobic 
microorganisms  involved  (Haggblom  et  al.,  1989;  Haggblom  and  Young,  1990). 
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Predicting  the  fate  of  microbially-mediated  CP  degradation  is  currently  hindered  by 
limited  knowledge  of  the  influence  of  environmental  variables  on  rates  (Fishe  and  Principe, 
1994;  Hart,  1996).  Previous  experiments  have  demonstrated  that  heterotrophic  microbial 
activities  were  related  to  soil  properties  (Chapter  2),  suggesting  that  similar  relationships 
may  also  exist  for  degradation  of  toxic  organic  chemicals.  The  objectives  of  this  study 
were  to  determine  whether  PCP  degraders  are  commonly  found  in  wetland  soils,  and  what 
chemical  and  biological  conditions  promote  this  activity.  This  investigation  attempts  to 
quantify  the  boundary  conditions  for  microbial  transformations  of  PCP  in  soils,  including 
effects  of  concentration,  sorption  and  bioavailability,  electron  acceptors  and  donors,  and 
microbial  biomass. 

Materials  and  Methods 

Soil  Collection  and  Incubation 

Three  mineral  and  seven  organic  soils  were  collected  from  various  wetlands  in  the 
continental  U.S.,  which  included  soils  from  freshwater  and  estuarine,  eutrophic  and 
oligotrophic,  organic  and  mineral,  and  natural  and  constructed  wetlands  (Table  3.1).  Soils 
were  previously  shown  to  demonstrate  a  wide-range  of  biogeochemical  properties  (Chapter  2) 
and  selected  characteristics  are  summarized  in  Table  3.2.  Soils  have  had  no  known  previous 
exposure  to  PCP. 

Surface  15-cm  sections  of  soil  were  collected  with  a  polyvinyl  chloride  (PVC)  corer, 
transferred  to  a  4-L  plastic  bottle,  and  returned  in  an  ice  chest  to  the  laboratory  by  overnight 
mail.  When  present,  surface  water  samples  from  each  wetland  were  also  collected.  Soils 
were  passed  through  a  0.5-cm  mesh  sieve  to  remove  plant  debris,  shells,  and  stones.  Soils  and 
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water  were  stored  for  a  maximum  of  3  months  before  being  used  in  experiments,  and  kept  in 
the  dark  at  4°C  except  during  sample  handling  and  preparation. 

Soils  were  collected  either  under  drained  or  flooded  condition,  hence  were  initially  at 
different  levels  of  water  contents  and  redox  potentials.  Before  beginning  experiments,  soils 
were  prepared  as  slurries  with  site  water  to  avoid  diffusion  constraints  and  development  of 
microsites  during  degradation  experiments.  Bulk  densities  of  slurries  were  0.06-0.4  g  cm"  for 
organic  soils  and  0.1-0.7  g  cm"3  for  mineral  soils,  which  were  chosen  to  maximize  solids 
content  while  maintaining  soil  homogeneity. 

Pentachlorophenol  Toxicity  to  Aerobic  and  Anaerobic  Soil  Microorganisms 

Toxicity  was  evaluated  under  aerobic  and  methanogenic  conditions  and  in  an  organic 
soil  (W8)  and  a  mineral  soil  (TAL)  using  a  dose-response  approach,  in  which  the  influence  of 
five  PCP  concentrations  between  0  and  3.8  umol  g"1  on  rates  of  CO2  and  CH4  production,  and 
PCP  degradation  were  measured  for  eight  weeks.  Five-ml  organic  soil  (W8)  or  ten-ml 
mineral  soil  (TAL),  in  triplicate,  were  transferred  to  60-ml  serum  bottles  and  sealed  with 
teflon  lined-butyl  stoppers/aluminum  crimps  (Wheaton,  Millville,  NJ).  Anaerobic  treatments 
were  purged  with  C^-free  N2.  Samples  were  incubated  in  the  dark  at  28°C  with  shaking  at  180 
rpm  on  a  rotary  shaker  (New  Brunswick  Incubator  Shaker  Model  G25,  Edison,  NJ).  Separate 
EC50  values,  defined  here  as  the  effective  concentration  of  PCP  that  inhibited  microbial 
activity  by  50%,  were  calculated  for  activities  of  CO2  production,  methanogenesis,  and 
PCP  degradation  for  TAL  and  W8  soils. 
Influence  of  Electron  Acceptors  on  PCP  Degradation 

Before  initiation  of  degradation  studies,  slurries  were  pre-incubated  for  two  weeks  to 
obtain  either  aerobic  or  anaerobic  conditions  (denitrifying,  sulfate  reducing,  or  methanogenic). 
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For  aerobic  treatments,  slurry  (100  mL),  in  triplicate,  was  incubated  in  500  mL  glass  media 
bottles  with  teflon-lined  caps  (Wheaton,  Millville,  NJ),  and  opened  biweekly  to  re-aerate 
headspace.  For  anaerobic  treatments,  slurry  (80  mL),  also  in  triplicate,  was  incubated  in  160 
mL  serum  bottles  with  teflon-lined  rubber  stoppers  and  Al  crimps  (Wheaton),  and  purged  with 
02-free  N2.  Different  anaerobic  electron  acceptor  treatments  were  made  by  amending  soils 
with  a  30  d  supply  of  electron  acceptors,  calculated  from  consumption  rates  determined 
previously  (Chapter  2).  Dissolved  NO3  and  SO42  were  monitored  periodically  to  confirm  that 
appropriate  conditions  were  maintained  for  these  treatments.  Soils  (PPP,  CR  and  TAL)  with 
high  amounts  of  bioavailable  Fe  were  evaluated  for  PCP  degradation  under  Fe(IH)-reducing 
conditions,  instead  of  S042"  reducing  conditions.  The  Fe(III)  solution  was  prepared  by 
neutralizing  FeCb  solution  with  10  mol  L1  NaOH,  followed  by  several  water  rinses  of 
precipitate  to  remove  excess  chloride  (Lovley  et  al.,  1991;  Ghiorse,  1994).  All  samples  were 
incubated  horizontally  in  the  dark  at  28°C  with  shaking  at  180  rpm  in  a  rotary  shaker 
Preliminary  experiments  showed  that  this  shaking  protocol  did  not  influence  methanogenic 
activity  compared  to  unshaken  controls,  and  this  shaking  speed  has  also  been  shown  to  be 
optimal  for  aerobic  assays  (Stark,  1996). 

After  appropriate  reducing  conditions  were  attained,  slurries  were  spiked  with  PCP 
from  a  stock  solution  prepared  in  0.05  mol  L"1  NaOH  to  give  an  average  final  PCP 
concentration  of  0.66  umol  g"1  dry  soil.  This  PCP  concentration  was  chosen  because  it  is  the 
median  level  measured  at  contaminated  sites  in  the  U.S.  (ATSDR,  1998).  Both  aerobic  and 
methanogenic  sterile  controls  were  included  for  the  most  biologically  active  soil  (HLPI), 
which  were  prepared  by  adding  HgCl2  to  a  final  concentration  of  2%  and  autoclaving  at  121° 
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three  consecutive  days.  Sample  sterility  was  confirmed  by  monitoring  CO2  and  methane 
production  during  the  experiment. 

On  days  I,  3,  6,  10,  15,  20,  25,  and  30,  PCP  and  degradation  intermediates  were 
extracted  from  one  to  three  mL  slurry  aliquots  using  6  mL  acidified  acetonitrile  (0.36  mol  L1 
H2SO4)  for  16  hours  on  a  reciprocal  shaker.  After  centrifugation  (700  x  g),  crude  extracts  were 
stored  in  amber  glass  vials  with  teflon-lined  caps  at  4°C  before  derivitization  and  analysis. 
Preliminary  experiments  showed  this  procedure  resulted  in  >95%  CP  recovery  from  peat  and 
mineral  soils.  Similar  approaches  for  extraction  of  PCP  from  soil  matrices  have  been  described 
(Chang  et  al.,  1996). 

Influence  of  Electron  Donors,  Nutrients,  and  Vitamins  on  PCP  Degradation 

Experiments  were  conducted  to  determine  whether  amendments  with  nutrients, 
vitamins,  and  electron  donors  could  enhance  the  degradation  of  PCP  in  a  methanogenic  soil 
(PPP  soil)  that  did  not  show  degradation  in  earlier  experiments.  The  protocol  was  similar  to 
degradation  experiments  under  different  electron  acceptor  reducing  conditions,  except  a  lower 
PCP  concentration  was  used  (0.13  umol  g"1  equivalent  to  5.8  umol  L"1  in  the  dissolved  phase)  in 
order  to  avoid  toxicity,  and  experiments  were  conducted  anaerobically  in  27  mL  glass  tubes 
with  teflon-lined  rubber  septa.  One  mL  of  the  following  boiled  and  deoxygenated  solutions  were 
added  to  separate  tubes:  water  (control),  nutrients  (Owens  et  al.,  1979),  nutrients  +  vitamins 
(Owens  et  al.,  1979),  catechol,  benzoate,  casein,  yeast  extract,  peptone,  glucose,  sucrose,  maleic 
acid,  fructose,  maltose,  acetic  acid,  ethanol,  and  propionate.  Five  mL  hydrogen  was  added  to 
separate  tubes  (final  concentration  of  25  kPa).  All  electron  donor  treatments  included 
amendments  with  nutrients  +  vitamins,  and  carbon-based  donors  were  added  at  concentrations 
of  88  umol  C  g"1,  and  all  treatments  were  conducted  in  triplicate. 
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Every  week  for  five  weeks,  CO2  and  CH4  production  were  measured  in  the  headspace 
of  the  tubes.  At  the  end  of  this  period,  PCP  and  degradation  intermediates  were  extracted 
from  soils  as  described  above. 
Analytical  Methods 

Dissolved  S042"  and  NO3"  concentrations  were  determined  by  analyzing  pore  water 
with  a  Dionex  4500i  Ion  Chromatograph  (Sunnyvale,  CA),  which  was  obtained  by 
centrifugation  of  5-mL  slurry  at  10,320  g  for  15  min  followed  by  filtration  with  a  0.45  um 
membrane.  Headspace  O2  and  CO2  were  measured  using  a  Shimadzu  8AIT  gas 
chromatograph  equipped  with  thermal  conductivity  detector  (30°C)  with  He  as  carrier  gas,  and 
stainless  steel  columns  (0.3  cm  by  2  m)  packed  with  molecular  sieve  5A  for  O2,  and  Poropak 
N  for  CO2  (Supelco,  Inc;  Bellefonte,  PA),  maintained  isothermally  at  30°C.  Headspace  CH4 
was  measured  using  a  Shimadzu  8AIF  gas  chromatograph  equipped  with  flame  ionization 
detector  (160°C),  with  N2  as  carrier  gas,  and  stainless  steel  Carboxen  1000  column  (0.3  cm  by 
2  m)  (Supelco,  Inc)  maintained  isothermally  at  1 10°C. 

Pentachlorophenol  and  degradation  intermediates  were  analyzed  by  similar  procedures 
as  described  by  Nicholsen  et  al.  (1992),  which  included  preparation  of  acetylated  derivatives 
by  reacting  one  or  two  mL  acetonitrile  extracts  with  10  mL  K2CO3  solution  (72  g  L"1),  1  mL 
hexane,  and  2  mL  acetic  anhydride  for  1  h  in  glass  tubes  with  teflon-lined  rubber  septa. 
Injections  of  the  hexane  phase  containing  derivatives  were  made  by  an  autosampler  into  a 
Shimadzu  Model  14A  gas  chromatograph  equipped  with  63Ni  electron  capture  detector  and 
SPB-50  capillary  column  (30  m  by  0.323  mm;  Supelco,  Inc.).  Helium  (150  kPa)  was  used  as 
carrier  gas,  and  N2  as  make-up  gas  (100  Pa).  The  detector  temperature  was  300°C  and  the 
injector  temperature  was  175°C.  The  following  oven  temperature  program  was  used:  initial 
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temperature  of  80°C  held  for  3  min,  increased  by  5°C  min"1  to  a  final  temperature  of  200°C  that 
was  held  for  0.5  min.  Peak  areas  were  determined  from  a  Shimadzu  Model  CR501  Integrator. 
The  identity  and  concentration  of  PCP  and  degradation  intermediates  were  determined  by 
comparing  retention  times  of  derivitized  authentic  standards  of  the  highest  purity  available 
(>98%)  at  five  concentration  levels,  which  were  purchased  from  Supelco,  Inc.  and  Ultra 
Scientific  Co.  (Hope,  RI). 
Data  Analysis 

Rates  of  degradation  of  PCP  and  intermediate  metabolites  were  determined  by  least 
squares  fit  of  a  linear  model  (zero-order  kinetics)  and  exponential  model  (first-order)  after 
the  lag  period.  The  length  of  the  lag  period  was  defined  as  the  time  before  a  significant 
(p<0.05)  decrease  in  concentration  was  observed  between  successive  time  points.  Zero-order 
rate  constants  represent  maximum  rates  (Vmax),  and  were  hypothesized  to  be  a  reflection  of 
soil  properties. 

In  separate  batch  isotherm  experiments  (Chapter  4),  sorption  coefficients  (Kp,  mL  g"1) 
for  PCP  were  determined  for  soils  in  this  study,  which  were  used  to  convert  total  PCP 
concentrations  (T,  umol  g"1)  to  aqueous  concentrations  (A,  umol  mL"1),  using  the  following 
relationship: 

A  =  T*(Kp  +  0*pb"1)-1  (1) 

where  0  is  the  volumetric  water  content  (mL  water  mL"1  soil),  and  Pb  is  dry  bulk  density  (g 
mL"1)  of  soil  slurry. 
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Results 

Pentachlorophenol  Toxicity  to  Aerobic  and  Anaerobic  Soil  Microorganisms 

When  soils  were  amended  with  increasing  concentrations  of  PCP,  aerobic  and 
methanogenic  activities  including  methanogenesis,  CO2  production,  and  PCP  degradation 
potentials  were  adversely  affected  (Fig.3.1).  However,  specific  effects  were  different 
between  aerobic  and  anaerobic  treatments,  and  between  mineral  and  organic  soils.  In  the 
mineral  soil  (TAL),  C02  and  methane  production,  and  PCP  degradation  (under 
methanogenic  conditions  only)  were  reduced  at  >0.38  umol  PCP  g"1.  At  higher 
concentrations,  PCP  was  significantly  more  inhibitory  to  methanogenic  compared  to 
aerobic  communities.  For  example,  PCP  degradation  under  methanogenic  conditions  was 
significantly  inhibited  at  concentrations  >0.75  umol  PCP  g"1,  while  aerobic  degradation 
was  not  inhibited  at  any  level  tested.  An  index  of  pesticide  toxicity,  the  EC50  (total)  is  defined 
here  as  the  effective  concentration  of  PCP  in  the  soil  that  inhibited  microbial  activity  by 
50%,  with  low  values  indicating  higher  toxicity  effects.  The  EC  50  (total)  was  over  1.9  umol 
g"  for  aerobic  activities  compared  to  between  0.5  to  0.7  umol  g"1  for  methanogenic 
populations  (Table  3.3). 

For  the  organic  soil  (W8),  similar  trends  in  toxicity  were  observed  as  for  TAL, 
except  that  toxic  concentrations  of  PCP  were  significantly  higher  (Fig.  3.1  and  Table  3.3). 
For  example,  the  ECsoaotai)  for  aerobic  activities  and  methanogenesis  were  >3.75  umol  g"1, 
and  between  1.2  and  3.0  umol  g"1  for  anaerobic  PCP  degradation  and  CO2  production. 
Influence  of  Electron  Acceptors  on  PCP  Degradation 

The  presence  or  absence  of  specific  types  of  electron  acceptors  had  significant 
effects  on  rates  and  mechanisms  of  PCP  degradation  in  wetland  soils  (Figs.  3.2-3.6  and 
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Figure  3.1.      Influence  of  PCP  concentration  on  activities  of  aerobic  and 

methanogenic  microorganisms  in  mineral  TAL  (A-C)  and  organic 
W8  (D-F)  wetland  soils.  A,D.  C02  production;  B,E.  CH4 
production;  and  C,F.  PCP  degradation.  Each  value  represents  the 
mean  of  three  replications±one  standard  deviation.  EC50  (total) 
represents  the  total  PCP  concentration  in  the  soil  that  inhibits 
microbial  activity  by  50%. 
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Figure  3.2.      Microbial  degradation  of  pentachlorophenol  in  Houghton  Lake 
constructed  marsh  soil  (HLPI)  under  four  electron  acceptor 
reducing  conditions,  and  in  aerobic  and  methanogenic  "sterile" 
controls.  A.  02,  B.  N03\  C.  S042 ,  D.  C02,  E.  02+2%HgCl2,  and 
F.  C02+2%  HgCl2.  Dotted  lines  in  E.  and  F.  represent 
autoclave+HgCl2  treatments.  Initial  and  final  N03"  and  S042"  refer 
to  concentrations  at  the  beginning  and  end  of  the  experiment. 
Each  value  represents  the  mean  of  three  replications±one  standard 
deviation. 
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Figure  3.3.       Microbial  degradation  of  pentachlorophenol  in  Everglades  peat  soils 
(W2)  under  four  electron  acceptor  reducing  conditions.  A.  02,  B. 
NO,',  C.  S042",  and  D.  C02.  Initial  and  final  N03  and  S042-  refer  to 
concentrations  at  the  beginning  and  end  of  the  experiment.  Each 
value  represents  the  mean  of  three  replications±one  standard 
deviation. 
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Figure  3.4.      Microbial  degradation  of  pentachlorophenol  in  Louisiana  salt  marsh 
sediments  (LSM)  under  four  electron  acceptor  reducing  conditions.  A. 
02,  B.  N03-,  C.  S042",  and  D.  C02.  Trace  amounts  of  2,3,4,5-TeCP 
were  detected  in  denitrifying  treatment.  Initial  and  final  N03"  and  S042" 
refer  to  concentrations  at  the  beginning  and  end  of  the  experiment. 
Each  value  represents  the  mean  of  three  replications±one  standard 
deviation. 
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Figure  3.5.      Microbial  degradation  of  pentachlorophenol  in  Lake  Apopka 

agricultural  soils  (LAAF)  under  four  electron  acceptor  reducing 
conditions.  A.  02,  B.  N03\  C.  S042 ,  and  D.  C02.  Initial  and 
final  N03"  and  S042"  refer  to  concentrations  at  the  beginning  and 
end  of  the  experiment.  Tetra-,  tri-  and  dichlorophenols  observed 
under  S042  -reducing  conditions  were  2,3,4,5-TeCP,  2,3,4,6- 
TeCP,  2,3,5,6-TeCP,  2,3,5-TCP,  3,4,5-TCP,  and  3,5-DCP.  In 
addition  to  these  intermediates,  2,4,5  TCP,  2,3,6-TCP,  2,4-DCP 
and  3,4-DCP  were  also  observed  under  methanogenic  conditions. 
Each  value  represents  the  mean  of  three  replications±one 
standard  deviation. 


78 


10 


20 


30 


c. 


10 


— i — 

20 


30 


Time  (d) 


1.0 
0.8 
0.6 
0.4 
0.2 
0.0 

1.0 
0.8 
0.6 
0.4 
0.2 
0.0 


Is 

171±3  umol  g1 


Initial  N03" 


— i — 

10 


10 


B. 


Final  N(y 
40±9  umol  g"1 


20  30 
D. 


— i — 

20 


30 


Time  (d) 


Figure  3.6.      Microbial  degradation  of  pentachlorophenol  in  Talladega  sediments 
(TAL)  under  four  electron  acceptor  reducing  conditions.  A.  02,  B. 
N03-,  C.  Fe(III),  and  D.  C02.  Initial  and  final  N03  refer  to 
concentrations  at  the  beginning  and  end  of  the  experiment.  Each 
value  represents  the  mean  of  three  replications±one  standard 
deviation. 
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Tables  3.4-3.6).  Degradation  was  attributed  to  biological  activity  since  HgCl2+autoclaved 
sterile  controls  showed  no  degradation  (Fig.  3.2).  Except  for  two  soils  (PPP  and  CR),  PCP 
degradation  occurred  in  all  soils  under  at  least  one  electron  acceptor  reducing  condition. 

Under  aerobic  conditions,  eight  soils  including  all  organic  soils  and  one  mineral  soil 
(TAL)  transformed  PCP  (Table  3.4).  Pentachlorophenol  transformation  occurred  by  at  least 
two  different  mechanisms.  Within  the  first  week  of  PCP  treatment,  pentachloroanisole 
(PCA)  was  detected  as  a  methylation  product  of  PCP,  with  maximum  rates  of  between  0.9 
and  6.8  nmol  g"1  d"1  and  first  order  rates  between  0.0009  and  0.01  d"1.  After  longer  periods 
of  between  4  and  20  d,  four  organic  soils  (HLPI,  W2,  W8,  LAAF)  and  mineral  TAL 
exhibited  losses  of  both  PCP  and  PCA  with  maximum  rates  between  32  and  77  nmol  g"1  d"1 
and  first  order  rates  between  0.139  and  0.338  d"1.  No  other  chlorinated  organics  were 
detected.  This  indicated  that  either  mineralization,  bound  residue  formation,  or 
polymerization  reactions  occurred.  In  these  five  soils,  total  loss  of  PCP  and  PCA  ranged 
between  75  and  100%  in  30  days.  The  remaining  five  soils  showed  no  loss  of  PCP  during 
the  incubation  period. 

Under  denitrifying  and  Fe(III)  reducing  conditions  (PPP,  TAL,  and  CR  only), 
degradation  of  PCP  was  not  demonstrated  by  any  soil,  except  for  LSM  in  which  trace 
amounts  of  the  reductive  dechlorination  product  2,3,4, 5-TeCP  was  detected  (Figs.  3.2-3.6 
and  Table  3.5).  However,  under  SO4  "  reducing  conditions,  three  organic  soils  (W2,  LSM, 
and  LAAF)  showed  loss  of  PCP.  After  lag  periods  of  between  1  and  15  d,  PCP  was 
transformed  at  maximum  rates  between  23  and  40  nmol  g"1  d"1  and  first  order  rates  between 
0.065  and  0.29  d"1.  The  dominant  mechanism  of  PCP  transformation  was  sequential 
reductive  dechlorination  to  TeCP,  TCP,  and  DCP,  which  occurred  primarily  through  the 
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Table  3.4.  Aerobic  transformation  rates  of  pentachlorophenol  in  wetland  soils.  Each  value 
represents  the  mean  of  three  replications±one  standard  deviation. 
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pathway  PCP->2,3,4,5-TeCP->3,4,5-TCP->3,5-DCP,  demonstrating  a  preference  for 
removal  of  chlorines  ortho-  and  para-  to  the  hydroxyl  group.  The  agricultural  LAAF  soil 
exhibited  more  complex  dechlorination  pathways,  in  which  2,3,5,6-TeCP,  2,3,4,6-TeCP, 
and  2,3,5-TCP  were  also  detected,  indicating  sequential  para-,  ortho-,  ortho- 
dechlorination,  as  well  as  meta-dechlorination  pathways.  In  these  three  soils,  between  13 
and  69%  of  the  original  amount  of  PCP  was  degraded  in  30  d. 

Under  methanogenic  conditions,  six  organic  soils,  but  none  of  the  mineral  soils 
degraded  PCP  during  the  30-d  incubation  period  (Figs.  3.2-3.6  and  Table  3.6).  For  the 
degrading  soils,  there  was  a  lag  phase  of  between  1  and  13  d  before  loss  of  PCP,  after 
which  maximum  rates  occurred  at  between  25  and  70  nmol  g"1  d"1  and  first-order  rates 
between  0.082  and  0.39  d"1.  As  observed  under  S042"  reducing  conditions,  the  dominant 
mechanism  for  degradation  was  by  reductive  dechlorination,  which  usually  followed  the 
sequence  PCP->2,3,4,5-TeCP->3,4,5-TCP->3,5-DP.  Again,  LAAF  exhibited  more 
complex  dechlorination  pathways  than  other  soils,  including  PCP— »2,3,5,6-TeCP— »2,3,5- 
TCP,  2,3,6-TCP^3,5-DCP  and  PCP->2,3,4,6-TeCP->2,3,6-TCP.  In  these  soils,  total  CP 
loss  ranged  between  0  (LSM  soil)  and  99%  in  30  days  (Table  3.6). 

Rate  constants  for  PCP  degradation  intermediates  were  determined  by  summing  the 
concentrations  for  a  given  intermediate  and  all  preceding  products  at  each  time  step,  and 
calculating  the  least  squares  fit  through  the  points  (Tables  3.5  and  3.6).  For  soils  capable  of 
degrading  PCP  under  SO42"  reducing  conditions,  the  rate-limiting  step  in  overall  CP  loss 
was  reductive  dechlorination  of  TeCP,  TCP,  and  DCP,  which  accounted  for  accumulation 
of  these  intermediates.  For  example  in  LSM  sediment,  PCP  was  almost  quantitatively 
converted  to  2,3,4,5-TeCP  but  was  not  further  transformed  (Fig.  3.5;  Table  3.5).  Except  for 
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Relationships  Between  PCP  Degradation  Kinetics  and  Soil  Properties 

Regression  analysis  showed  that  none  of  the  soil  properties  were  significantly 
correlated  to  lag  periods  before  onset  of  aerobic  or  methanogenic  PCP  degradation,  nor  to 
aerobic  PCP  degradation  rates  (p>0.05).  However,  several  soil  properties  were  significantly 
correlated  to  PCP  degradation  under  methanogenic  conditions  including  total  organic  C,  N, 
and  P  content,  microbial  biomass,  aerobic  and  anaerobic  carbon  mineralization  rates,  and 
bioavailable  N  (Table  3.7).  Microbial  C  accounted  for  over  90%  of  the  variability  in  rates  of 
reductive  dechlorination  of  PCP  (Fig.  3.7).  These  relationships  excluded  soils  where  aqueous 
PCP  concentration  were  toxic  (>10  umol  L" ;  see  discussion)  and  not  inhibited  by  the 
presence  of  NO3'  or  SO42'  in  anaerobic  treatments  (Table  3.7). 
Influence  of  Electron  Donors,  Nutrients,  and  Vitamins  on  Microbial  Activities 

In  PCP-amended  PPP  soils,  addition  of  nutrients  or  vitamins  did  not  influence  C02  or 
CH4  production;  however,  these  activities  were  strongly  affected  by  amendments  with 
different  types  of  electron  donors  (Fig.  3.8).  Basal  rates  of  CO2  and  CH4  production  (i.e.  with 
no  amendments)  were  0.39  and  0.28  umol  g"1  d"1,  respectively.  Rates  were  the  same  or 
decreased  for  the  electron  donors  catechol,  H2,  and  propionate,  and  increased  with  proteins, 
carbohydrates,  benzoate,  acetate  and  ethanol.  Microbial  response  to  the  addition  of  most 
electron  donors  was  multiphasic,  with  either  (1)  a  lag  period  observed  before  maximum  rates 
of  methanogenesis  (most  electron  donors)  or  CO2  production  (ethanol,  acetate,  benzoate),  or 
(2)  initially  rapid  CO2  production  followed  by  slower  rates  (proteins,  carbohydrates). 
Changes  in  rates  during  the  incubation  were  likely  attributed  to  sequential  electron  donor 
utilization  by  different  microbial  groups  (e.g.  fermenters,  acetogens,  acetoclastic  and 
lithotrophic  methanogens).    Since  the  primary  objective  of  this  study  was  to  determine 
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Carbon  dioxide  (A-E)  and  CH4  (F-J)  production  in  methanogenic 
PPP  soils  amended  with  0.13  umol  PCP  g_1  and  nutrients,  vitamins, 
and  electron  donors  at  88  umol  C  g  1  (except  H2).  All  electron  donor 
treatments  also  included  nutrients  and  vitamins.  A.  and  F.  Control, 
nutrients,  and  vitamins;  B.  and  G.  aromatics;  C.  and  H.  proteins;  D. 
and  I.  carbohydrates;  E.  and  J.  low  molecular  weight  organic  acids, 
ethanol,  and  H2. 
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electron  donor  utilization  by  different  microbial  groups  (e.g.  fermenters,  acetogens, 
acetoclastic  and  lithotrophic  methanogens).  Since  the  primary  objective  of  this  study  was 
to  determine  influences  on  PCP  degradation,  rates  of  other  microbial  activities  will  not  be 
further  discussed. 

At  the  end  of  the  five  week  incubation,  PCP  degradation  was  observed  in  control 
(8.1%),  yeast  extract  (34%),  peptone  (37%),  and  acetate  (5.1%)  treatments,  with  <5% 
degradation  in  other  treatments  (Table  3.8).  The  dominant  pathway  was  through  reductive 
dechlorination  yielding  2,3,4,5-TeCP  and  3,4,5-TCP,  however,  no  net  loss  of  CPs  was 
observed. 

Discussion 

This  study  has  demonstrated  that  most  wetland  soils  contain  microorganisms  with 
the  capacity  to  degrade  PCP,  despite  no  known  prior  history  of  contamination.  However, 
expression  of  this  capacity  was  regulated  by  chemical  and  biological  conditions,  including 
contamination  level,  electron  acceptor  reducing  conditions,  electron  donor  supply, 
microbial  biomass,  and  co-contaminants  (Hg  (II))  (Fig.  3.9). 

High  (>10  umol  L"1)  and  low  (<0.3  umol  L4)  PCP  concentrations  restricted 
degradation  in  soils.  This  inhibition  was  attributed  to  toxicity  and  limited  bioavailability, 
respectively  (Fig.  3.9).  Pentachlorophenol  toxicity  results  from  its  influence  on  energy 
transduction  processes  by  the  cell.  Due  to  its  hydrophobic  nature,  PCP  partitions  strongly 
into  the  cell  membrane,  where  it  binds  to  enzymes  involved  in  electron  transfer  reactions, 
and  also  disrupts  membrane  structure  and  the  electrochemical  proton  gradient  required  for 
oxidative  phosphorylation  (Escher  et  al.,  1996).  These  effects  were  reflected  as  lower  rates 
of  C02  production,  methanogenesis,  and  PCP  degradation.  Comparing  EC50  (totai)  values, 
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Table  3.8.  Influence  of  various  treatments  on  the  distribution  of  chlorophenols 
five  weeks  after  application  of  pentachlorophenol  (0.13  umol  g"1)  to 
methanogenic  Parnell  Prairie  Pothole  (PPP)  soil.  All  electron  donors 
(except  H2)  were  added  at  88  umol  C  g"1.  Each  value  represents  the 
mean  of  three  replications+one  standard  deviation. 


Treatment 

PCP 

2,3,4,5- 

2,3,4,6- 

3,4,5-  TCP 

TeCP 

TeCP 

 %  distribution — 

Control 

91.919.5 

6.518.9 

1.110.2 

0.5+0.9 

Inorganic  nutrients 

98.4±0.1 

0.410 

1.310 

010 

Inorganic  nutrients  +  vitamins 

97.910.2 

0  ^+0  1 

1  8+0  2 

A  .  Q_!_  W  ,  _ 

010 

+  Aromatics 

catechol 

96.911.6 

010.2 

3.411.5 

010 

benzoate 

99.010.1 

010 

1.010.1 

010 

+Proteins 

casein 

98.910.4 

010.2 

1.110.2 

010 

yeast  extract 

66.2154.4 

26.3143.7 

1.010.7 

6.6111.4 

peptone 

63.1127.3 

28.4122.4 

1.111.2 

7.417.2 

+  Carbohydrates 

glucose 

96.313.9 

0.210.1 

3.613.8 

010 

sucrose 

98.510 

0.110.1 

1.410.1 

010 

maltose 

98.410 

0.210 

1.410 

010 

fructose 

98.61.0 

0.110 

1.4+0 

010 

+  Low  molecular  weight 

organic  acids  and  alcohols 

maleic  acid 

98.510.1 

0.210.1 

1.310 

010 

acetic  acid 

94.910.9 

2.810.7 

1.410.1 

0.910.3 

ethanol 

98.110.1 

0.410.1 

1.510 

0+0 

propionic  acid 

98.310.3 

0.310.3 

1.4+0 

010 

+  Hydrogen 

98.110.1 

0.410.1 

1.5+0 

010 
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PCP  was  apparently  more  toxic  to  methanogenic  activities  than  aerobic  activites,  and  in 
mineral  soils  compared  to  organic  soils.  These  results  suggested  that  sorption  played  a 
major  role  in  controlling  PCP  toxicity,  since  sorption  is  highest  in  aerobic  and  organic  soils 
(Chapter  4).  Hence,  sorption  provided  a  protective  mechanism  by  removing  PCP  from  the 
soluble  (bioavailable)  pool.  Taking  PCP  sorption  into  account  using  Equation  (1),  EC50 
(dissolved)  for  PCP  degradation  (i.e.  concentration  of  dissolved  PCP  that  decreased  PCP 
degradation  by  50%)  was  10-14  umol  L"1  for  methanogenic  treatments  and  >23  umol  L"1 
for  aerobic  treatments  (Table  3.2).  These  results  suggested  that,  even  after  taking  sorption 
into  account,  aerobic  microorganisms  were  less  affected  by  PCP  than  methanogenic 
consortia.  Toxicity  values  determined  in  the  present  study  generally  agreed  with  others, 
with  values  ranging  from  15  to  1900  umol  L"1  for  aerobes  (Stanlake  and  Finn,  1982; 
Mileski  et  al.,  1988)  and  0.45  to  10  umol  L"1  for  anaerobes  (Mohn  and  Kennedy,  1992b; 
Wu  et  al.,  1993;  Uberoi  et  al.,  1997).  Although  initial  soil  concentrations  of  PCP  averaged 
0.66  umol  g"1  in  degradation  experiments,  concentrations  in  the  dissolved  phase  ranged 
between  2.3  and  153  umol  L"1  in  the  soils,  due  to  differences  in  magnitudes  of  sorption. 
Concentrations  of  PCP  higher  than  the  threshold  EC50  (dissolved)  in  the  mineral  soils  PPP  (49 
umol  L"  ),  CR  (153  umol  L"1),  and  methanogenic  TAL  (19  umol  L"1)  may  explain  lack  of 
degradation  in  these  studies.  As  demonstrated  in  the  toxicity  and  electron  donor  studies, 
both  TAL  and  PPP  degraded  PCP  at  lower  concentrations.  These  results  indicate  the 
influence  of  concentration  on  degradation  of  toxic  organics  in  soils,  and  the  role  of  sorption 
in  regulating  bioavailability. 

Degradation  under  both  aerobic  and  anaerobic  conditions  was  also  restricted  at  low 
concentrations  of  PCP,  becoming  first-order  at  dissolved  concentrations  of  <0.3  umol  L"1 
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(Figs.  3.2d,  3.3a  and  3.3d,  and  3.5a  and  3.5d).  At  these  concentrations,  it  is  likely  that  slow 
desorption  kinetics  and  entrapment  of  PCP  within  soil  particles  played  major  roles  in 
regulating  degradation  rates  (Schlebaum  et  al.,  1998).  Therefore,  it  is  feasible  that  PCP 
toxicity,  bioavailability,  and  degradation  kinetics  could  be  regulated  by  manipulating 
sorption,  such  as  through  management  of  pH,  types  of  microbial  activity,  soil  organic  C 
content  (Chapter  4). 

Maximum  degradation  rates  were  observed  between  aqueous  PCP  concentrations  of 
about  0.3  and  10  umol  L" ,  depending  largely  on  environmental  conditions  (Fig.  3.9;  Table 
3.7).  Availability  of  electron  acceptors  was  a  key  regulator  of  both  rates  and  pathways  of 
PCP  degradation  in  soils.  In  the  presence  of  O2,  most  soils  produced  pentachloroanisole 
(PCA)  within  1  d  after  PCP  treatment.  Methylation  is  mediated  by  common  aerobic 
bacteria  and  fungi  such  as  Rhodococcus  rhodochrous,  Phanerochaete  chrysosporium  and 
P.  sordida  (Haggblom  et  al.,  1989;  Lamar  et  al.,  1990;  Middelorp  et  al.,  1990). 
Subsequently,  PCP  and  PCA  were  lost  from  many  soils  without  appearance  of  chlorinated 
intermediates,  indicating  either  mineralization  to  CO2,  or  polymerization  with  other 
pesticide  moieties  or  humic  substances. 

Assuming  degradation  was  the  dominant  mechanism,  maximum  aerobic  PCP  loss 
rates  of  up  to  77  nmol  g"1  d"1  in  this  study  were  typically  higher  than  previously  measured. 
For  example,  uninoculated  and  Rhodococcus  chlorophenolicum-inoculated  soils  showed 
PCP  degradation  rates  of  0.2  and  5.1  nmol  g"1  d"1,  respectively  (Briglia  et  al,  1994), 
Flavobacterium-inoculated  soil  degraded  at  9.7  nmol  g"1  d"1  (Seech  et  al.,  1991),  and 
Mycobacterium-mocuMed  soils  degraded  at  36  nmol  g"1  d"1  (Haggblom  and  Valo,  1995). 
Rates  also  depend  on  contamination  levels,  with  Rhodococcus  chlorophenolicum-inoculated 
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soils  with  low  (0.1  umol  g"1)  and  high  PCP  levels  (2.3  |imol  g"1)  degrading  PCP  at  0.4  and 
8.4  nmol  g"1  d"1,  respectively  (Middelorp  et  al.,  1990),  and  PCP  acclimated  soils  with  low 
(<0.2  umol  PCP  g"1)  and  highly  contamination  levels  (up  to  6.8  umol  PCP  g"1)  degrading 
PCP  at  2.3  and  18  nmol  g*1  d"1,  respectively  (Laine  and  Jorgensen,  1997).  Results  from  these 
studies  illustrate  the  importance  of  microbial  types,  contamination  levels,  soil  types,  and 
nutrient  availability  in  regulating  aerobic  PCP  degradation  rates.  Higher  rates  in  the  present 
study  were  likely  attributed  to  exclusion  of  diffusion  constraints  by  constant  shaking. 

Aerobic  degradation  of  chlorophenols  typically  involves  sequential  hydroxylation 
and  reductive  dechlorination  reactions  mediated  by  numerous  groups  of  microorganisms 
including  bacteria  (Pseudomonas  pickettii,  Azotobacter  spp.,  Flavobacterium  spp.), 
actinomycetes  (Arthrobacter  spp.,  Mycobacterium  chlorophenolicum,  Rhodococcus 
chlorophenolicus),  and  fungi  (Phanerochaete  spp.)  (Haggblom  et  al.,  1989;  Lamar  et  al., 
1990;  Middelorp  et  al.,  1990;  Kiyohara  et  al.,  1992;  Winter  and  Zimmerman,  1992;  Xun  et 
al.,  1992;  Uotila  et  al.,  1995).  During  aerobic  breakdown,  PCP  and  intermediates  are 
typically  utilized  as  sources  of  electron  donors  and  carbon.  Fungal  enzymes  including 
ligninases,  peroxidases,  and  laccases  have  been  described  that  catalyze  free  radical 
polymerization  with  other  chlorophenols  and  humic  substances  (Bollag  and  Liu,  1988; 
Bhandari  et  al.,  1996).  Experiments  with  isotopically-labelled  PCP  are  required  to 
differentiate  these  processes. 

Among  soil  properties  measured,  none  were  significantly  correlated  to  aerobic 
degradation  rates,  indicating  that  C,  N  and  P  availability  were  not  the  primary  regulators  in 
the  soils  tested  (Table  3.7).  Schmidt  (1996)  found  a  highly  significant  correlation  between 
aerobic  degradation  rates  in  PCP-contaminated  groundwater  and  soluble  P  between  8  and 
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90  |imol  L"1,  but  no  correlation  with  inorganic  N  between  70  and  450  umol  L*1.  In  this 
study,  soluble  P  and  inorganic  N  ranged  between  3  to  488  umol  L"1  and  1330  and  9770 
umol  L"\  respectively,  which  were  probably  not  limiting  in  these  soils.  For  example,  in 
relatively  nutrient-poor  PPP  soil,  addition  of  nutrients  and  vitamins  did  not  improve  its 
ability  to  degrade  PCP.  Together  these  results  indicate  that  nutrient  additions  may  enhance 
degradation  when  ambient  concentrations  are  below  threshold  levels,  but  may  not  be  a 
limiting  factor  in  many  wetland  soils.  Similar  to  this  study,  Laine  and  Jorgensen  (1997) 
also  found  no  clear  correlation  between  bacterial  biomass  and  aerobic  PCP  degradation 
rates  in  pilot-scale  bioremediation  efforts  in  Finland.  Clearly  more  studies  are  needed  to 
determine  the  governing  factors  regulating  aerobic  degradation  of  toxic  organics  in  soils. 

Under  anaerobic  conditions,  but  not  under  aerobic  conditions,  NO3 ,  Fe(III),  and 
SO42"  inhibited  PCP  degradation.  For  most  soils,  lack  of  degradation  under  intermediate 
reducing  conditions  was  probably  not  due  to  toxicity,  since  both  NO3  and  SO42"  were 
consumed  in  anaerobic  treatments  (Figs.  3.2-3.6).  These  results  are  in  accordance  with  the 
paradigm  that  denitrifiers,  Fe(III)  reducers,  and  SO4  "  reducers  outcompeted  dehalogenators 
for  common  electron  donating  substrates  (Madsen  and  Aamand,  1991;  Chang  et  al.,  1996; 
Fennel  and  Gossett,  1998).  A  commonly  used  index  to  quantify  the  outcome  of 
competition  for  substrates  is  the  half-velocity  or  affinity  constant,  defined  as  the  substrate 
concentration  at  which  utilization  occurs  at  half  the  maximum  rate,  with  the  lowest  value 
observed  for  the  most  competitive  group.  Recent  measurements  have  shown  affinity 
constants  for  H2  to  be  in  the  order:  methanogens  (9-13  ppm)  >  sulfate  reducers  (1.3-2.0 
ppm)  >  Fe(III)  reducers  (0.25  ppm)  >  denitrifiers  (0.07  ppm)  (Lovley  et  al.,  1994).  Based 
on  inhibition  results  in  this  study,  it  is  speculated  that  dehalogenators  have  affinity 
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constants  somewhere  between  SO42  reducers  and  methanogens.  The  co-occurrence  of 
reductive  dechlorination  and  sulfate  reduction  in  LAAF,  W2,  and  LSM  may  reflect  the 
ability  of  some  dehalogenators  to  compete  effectively  with  SO4  "  reducers  for  electron 
equivalents.  The  identity  of  electron  donors  required  for  reductive  dechlorination  of  PCP, 
and  comparisons  of  affinity  constants  between  anaerobic  microbial  groups  have  yet  to  be 
determined. 

Under  methanogenic  conditions,  PCP  degradation  proceeded  in  eight  soils  through 
reductive  dechlorination,  in  which  electrons  derived  from  decomposition  of  organic  matter 
replaced  CI"  atoms  of  PCP.  Reductive  dechlorination  is  typically  the  initial  step  in 
anaerobic  degradation  of  chlorinated  aromatics,  with  subsequent  steps  resulting  in 
production  of  phenol,  benzoate,  acetate  and  CO2  and  CH4  (Genther  et  al.,  1989;  Zhang  and 
Wiegel,  1990).  Dechlorinated  intermediates  may  function  as  electron  donors  and  carbon 
sources  under  denitrifying,  Fe  (III)  reducing,  sulfate  reducing  and  methanogenic  conditions 
(Bak  and  Widdel,  1986;  Genthner  et  al.,  1989;  Haggblom  and  Young,  1990). 

It  is  speculative  about  the  identity  of  microorganisms  and  enzymes  responsible  for 
anaerobic  PCP  degradation  in  this  study.  However,  enhanced  degradation  in  PPP  soil  with 
amendments  of  the  protein-based  electron  donors  yeast  extract  and  peptone  suggested  the 
involvement  of  proteolytic  and  amino  acid  fermenting  bacteria  such  as  Clostridium  spp. 
Clostridium-like  species  have  been  implicated  in  the  dechlorination  of  CPs  (Zhang  and 
Wiegel,  1990;  Madsen  and  Licht,  1992).  These  results  suggest  a  possible  strategy  to  enrich 
for  PCP-degrading  microorganisms  and  to  bioremediate  chlorophenol-contaminated  soils. 

Other  researchers  have  also  implicated  the  role  of  eubacteria  in  CP  degradation 
under  methanogenic  conditions  (Madsen  and  Licht,  1992;  Mohn  and  Kennedy,  1992a; 
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Perkins  et  al.,  1994;  Utkin  et  al.,  1995;  Chang  et  al.,  1996),  and  the  involvement  of 
membrane-bound  dechlorinases  (Ni  et  al.,  1995;  Loffler  et  al.,  1996).  Only  a  few  bacteria 
have  been  isolated  to  date  with  the  ability  to  reductively  dechlorinate  PCP,  including 
Desulfomonile  tiedjei  DCB-1,  Desulfitobacterium  chlororespirans  Co23, 
Desulfitobacterium  dehdXogenans,  and  DCB-2  (Mohn  and  Tiedje,  1991;  Madsen  and  Licht, 
1992;  Mohn  and  Kennedy,  1992a;  Utkin  et  al.,  1995;  Loffler  et  al,  1996).  In  addition  to  a 
detoxification  mechanism,  microorganisms  may  benefit  by  gaining  energy  from  this 
process  by  coupling  the  oxidation  of  electron  donors  to  reduction  of  chlorinated  aromatics, 
referred  to  as  halorespiration  (Mohn  and  Tiedje,  1990;  1991;  Holliger  and  Scumacher, 
1994). 

The  lag  time  of  1  to  6  days  before  dehalogenation  likely  reflected  the  period  of 
induction  and  synthesis  of  these  enzymes  and  not  other  factors,  since  soils  were  pre- 
incubated  to  attain  steady-state  conditions.  Similar  lag  times  have  been  observed  for 
denitrification,  sulfate  reduction,  and  methanogenesis  (Chapter  2),  and  reductive 
dechlorination  (Linkfield  et  al.,  1989;  Madsen  and  Aamand,  1992).  None  of  the  soil 
properties  were  significantly  correlated  to  lag  time,  and  it  is  speculated  that  molecular  level 
analyses  of  microorganisms  would  be  required  to  gain  this  information. 

Maximum  PCP  degradation  rates  under  methanogenic  conditions  were  up  to  70 
nmol  g"1  d"1,  which  were  higher  than  rates  in  many  other  soils.  For  example,  flooded  paddy 
soils  with  0.4  umol  PCP  g"1  degraded  PCP  at  12  nmol  g"1  d"1  (Ide  et  al.,  1972;  Kuwatsuka 
and  Igarashi,  1975),  sludge-amended  soils  with  0.1  umol  PCP  g"1  degraded  at  2.6  nmol  g"1 
d"1  (Mikesell  and  Boyd,  1988),  and  lactate-  and  electron  acceptor-fed  minerals  soils  with 
0.04  umol  PCP  g' 1  degraded  PCP  at  0  to  6.3  nmol  g  1  d"1  (Chang  et  al.,  1996).  However, 
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PCP  degradation  rates  in  soils  were  much  lower  than  observed  for  a  methanogenic  PCP- 
acclimated  consortia  fed  a  mixture  of  fatty  acids,  which  degraded  10  umol  L"  PCP  at 
44,000  nmol  g  1  d"1  (Wu  et  al.,  1993).  Differences  in  rates  were  likely  attributed  to 
bioavailability  of  PCP,  types  of  microorganisms  and  soils,  and  supply  of  electron  donors, 
acceptors,  nutrients  and  diffusion  constraints  that  regulated  PCP  degradation. 

Most  soils  that  degraded  PCP  under  S042"  -reducing  and  methanogenic  conditions 
showed  preferential  ortho-  and  para-dechlorination,  resulting  in  the  production  of  2,3,4,5- 
TeCP,  3,4,5-TCP  and  3,5-DCP  (Fig.  3.10).  This  pathway  has  been  shown  to  be  common  in 
unacclimated  microbial  communities  (Nicholsen  et  al.,  1992).  In  the  agricultural  LAAF 
soil,  however,  meta-dechorination  was  also  observed,  which  confirmed  the  pathways 
previously  observed  in  anaerobic  soils  (Kuwatsuka  and  Igarashi,  1975;  Murthy  et  al., 
1979).  Based  on  dechlorination  pathways  evolved  by  microorganisms  in  LAAF  soils,  it  is 
hypothesized  that  they  were  previously  exposed  to  chlorinated  aromatics.  If  this  was  the 
case,  then  dechlorination  patterns  may  provide  useful  indicators  of  historic  contamination. 

Several  soil  properties  were  highly  correlated  to  PCP  degradation  rates  under 
methanogenic  conditions,  including  total  C,  N,  and  P,  microbial  C,  aerobic  and  anaerobic  C 
mineralization  rates,  and  bioavailable  N  (Table  3.7).  Kuwatsuka  and  Igarashi  (1975)  also 
observed  high  correlations  with  soil  organic  matter.  Microbial  C  showed  the  highest 
correlation  probably  because  it  integrated  many  of  the  regulators  of  degradation  into  one 
measurement.  Addition  of  nutrients  and  vitamins  did  not  enhance  PCP  degradation  in  PPP 
soil  under  methanogenic  conditions,  in  contrast  to  protein-based  donors,  which 
demonstrated  the  primary  role  of  electron  donors  and  microorganisms  in  regulating 
reductive  dechlorination. 
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Fig.  3.10.      Pathways  for  aerobic  and  methanogenic  degradation  of  PCP  in 

wetland  soils  observed  in  the  present  study.  Thick  arrows  indicate 
major  pathways.  Anaerobic  pathways  indicated  with  thin  arrows 
were  observed  only  in  agricultural  LAAF  soil,  o,  p,  and  m  refer  to 
ortho,  para,  and  meta  dechlorination  pathways,  respectively. 


99 

Methanogenic  soils  treated  with  2%  HgCl2  plus  autoclaving  did  not  show  reductive 
dechlorination,  indicating  the  requirement  for  biological  activity.  In  the  absence  of 
autoclaving,  however,  reductive  dechlorination  proceeded,  albeit  at  reduced  rates, 
suggesting  that  dehalogenators  were  highly  resistant  to  Hg  (II)  (Fig.  3.2).  Although 
methanogenic  and  aerobic  consortia  were  not  killed  through  treatment  with  Hg  (II)  alone, 
CO2  production  rates  were  decreased  5  times  compared  to  untreated  soils  (data  not  shown). 
In  contrast  to  methanogenic  soils,  PCP  degradation  under  aerobic  conditions  was 
completely  inhibited  by  Hg  (II)  treatments  with  and  without  autoclaving,  indicating  a 
higher  sensitivity.  These  differences  may  be  an  important  factor  when  invoking  aerobic  and 
anaerobic  remediation  protocols  for  a  given  site. 

In  conclusion,  this  study  has  demonstrated  the  widespread  geographic  distribution 
of  microorganisms  capable  of  PCP  degradation,  even  in  systems  with  no  known  prior 
history  of  contamination.  Moreover,  this  study  has  shown  that  expression  of  this  activity  is 
regulated  largely  by  environmental  factors,  including  PCP  concentration,  electron 
acceptors,  electron  donors,  and  microbial  biomass.  Relationships  between  these  properties 
and  degradation  processes  provided  in  this  study  may  be  useful  in  predicting  environmental 
persistence  as  a  function  of  site  specific  conditions,  as  well  as  providing  insight  about 
potential  impediments  to  in  situ  degradation.  Further  studies  should  focus  on  identifying 
microbial  species  involved  in  degradation,  and  determining  how  chemical  and  biological 
factors  influence  their  degradation  of  PCP  and  other  toxic  organics  in  soils. 


CHAPTER  4 

MICROBIAL  ACTIVITY  EFFECTS  ON  SORPTION 
OF  CHLOROPHENOLS  IN  SOILS 

Introduction 

Chlorophenols  (CPs)  are  common  contaminants  in  soils,  sediments,  surface 
waters  and  groundwater,  largely  due  to  their  worldwide  utilization  in  the  last  50  years  as 
wood  preservatives,  and  general  biocides  in  industry  and  agriculture  (Cirelli,  1978).  CPs 
are  also  by-products  of  chlorination  of  pulp  mill  effluent  and  wastewater  (Paasivarta  et 
ah,  1983),  and  partial  degradation  of  chlorinated  aromatics  such  as  2,4-D,  2,4,5-T 
(Mikesell  and  Boyd,  1985).  Because  of  its  toxicity  to  most  life  forms  and  occurrence  at 
260  of  1416  National  Priority  List  sites,  PCP  is  listed  as  a  priority  pollutant  by  the  U.S. 
Environmental  Protection  Agency  (EPA,  1998). 

Many  soils  and  sediments  contain  stratified  layers  of  microbial  activity,  with 
aerobic  zones  at  the  surface  and  anaerobic  zones  in  the  underlying  material.  Both  aerobic 
and  anaerobic  microbial  processes  have  been  proposed  to  remediate  CP-contaminated 
soils  and  sediments  (Mikesell  and  Boyd,  1988;  Laine  and  Jorgensen,  1997).  Sequential 
aerobic  and  anaerobic  processes  have  also  been  proposed  (Fogel,  1982;  Armenante  et  ah, 
1992).  Little  is  known  about  how  these  different  types  of  microbial  activity  influence  soil 
chemical  and  physical  properties,  or  whether  these  changes  will  significantly  impact  the 
magnitude  of  other  CP  fate  processes  including  sorption.  This  is  critical  information 
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because  sorption  regulates  mobility,  bioavailability  and  toxicity  (Apajalahti  and 
Salkinoja-Salonen,  1984). 

Several  factors  have  been  shown  to  control  sorption  of  CPs.  Soil  pH  plays  a 
dominant  role  by  controlling  the  relative  distribution  of  CP  between  neutral  and  anionic 
forms,  which  have  widely  different  sorption  characteristics  (Schellenburg  et  al.,  1984; 
Lagas,  1988;  Lee  et  al.,  1990;;  Shimizu  et  al.,  1992).  While  both  species  are  believed  to 
sorb  through  hydrophobic  partitioning  with  soil  organic  matter,  additional  sorption 
mechanisms  may  be  involved  for  the  ionic  species.  Depending  on  ionic  strength  and 
cation  composition,  CP  anions  may  form  ion  pairs,  which  partition  into  the  organic  phase 
(Westall  et  al.,  1985).  The  distribution  of  contaminants  between  the  soil  and  water 
phases  may  be  further  influenced  by  associations  with  colloidal  and  dissolved 
constituents.  Galil  and  Novak  (1995)  demonstrated  that  sorption  of  PCP  was  decreased 
due  to  associations  with  soil  colloids  and  dissolved  organic  matter,  which  they  tentatively 
described  as  clay  and  fulvic  acids.  In  wetland  soils,  aerobic  and  anaerobic  decay  of  plant 
tissues  and  microbial  cells  may  contribute  large  amounts  of  dissolved  and  colloidal 
organic  material,  thereby  influencing  sorption  and  providing  a  mechanism  for  enhanced 
transport  in  the  soil-water  column  (Pardue  et  al.,  1993;  Rostad,  1997). 

During  earlier  studies,  distinct  differences  in  soil  chemistry,  pH,  and  DOC  were 
observed  between  aerobic  and  anaerobic  soils  (Chapter  2),  which  were  hypothesized  to 
influence  sorption  of  CPs.  Moreover,  PCP  degradation  was  promoted  under  aerobic  and 
methanogenic  conditions  (Chapter  3),  which  required  that  sorption  be  investigated  under 
both  conditions.  The  objectives  of  this  study  were  to  (i)  determine  whether  aerobic  and 
methanogenic  microbial  activities  significantly  influence  sorption  of  CPs  and  (ii)  evaluate 
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a  simple  sorption  model  to  predict  sorption  behavior  of  CPs  as  a  function  of  soil 
properties. 

Theory 

Sorption  of  nonionizable  organic  compounds  in  a  two-phase  system  at  equilibrium 
is  commonly  described  as  a  linear  and  reversible  process: 

S  =  Kp  *  A  (1) 
where  S  is  the  concentration  in  the  soil  (ug  g1),  Kp  is  the  partition  coefficient  (mL  g"1), 
and  A  is  the  concentration  in  the  aqueous  phase  (pg  mL"1).  In  natural  systems,  depending 
on  hydrodynamic  events  and  chemical  factors,  the  soil  may  be  distributed  into  a  separable 
solid  phase  and  non-separable  colloidal  phase,  both  with  capacities  to  sorb  CPs  (Fig.  4.1). 
In  wetland  soils,  colloidal-bound  CPs  would  be  mobilized  in  the  interstitial  fluid  and 
floodwater,  thereby  decreasing  the  pool  retained  within  the  solid  compartment.  When  the 
mass  of  the  colloidal  phase  makes  up  a  significant  portion  of  the  total  sorbent  mass  and 
the  colloid  phase  has  a  different  partition  coefficient  than  the  solid  phase,  then  sorption 
may  be  depicted  by  the  following  equation: 

S  =  (1-cc)  *  Ki  *  A  +  a  *  K2  *  A,  and  (2) 
Kpapp  =  (1-cc)  *  Ki  +  a  *  K2  (3) 
where  (1-a)  is  the  fraction  of  the  sorbent  mass  in  solid  phase  (g  solid  g  'sorbent),  a  is  the 
fraction  of  sorbent  mass  in  colloidal  phase  (g  colloid  g"1  sorbent),  and  Ki  and  K2  are 
equilibrium  partition  coefficients  of  solid  and  colloidal  phases,  respectively,  and  Kpapp  is 
the  apparent  partition  coefficient  that  varies  with  a  and  K2.  When  a  =  0  or  Ki  =  K2,  then 
Equation  (2)  simplifies  to  Equation  (1).  When  colloidal  concentration  is  high  (i.e.  a  » 
0),  and  with  a  high  partition  coefficient  (i.e.  K2  is  large),  then  transport  of  contaminants 
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bound  to  colloidal  particles  may  be  a  significant  process.  The  values  of  Ki  and  K2 
depend  on  physical  and  chemical  characteristics  of  the  solid  and  colloidal  material, 
respectively  (e.g.  C  content,  hydrophobicity,  surface  reactive  sites,  and  surface  area). 

For  ionizable  organic  compounds  such  as  CPs,  sorption  by  the  neutral  form  (CP0) 
and  anionic  form  (CP  )  must  be  taken  into  account  because  they  have  different  partition 
coefficients  (Lee  et  al.,  1990;  Shimizu  et  al.,  1992).  The  relative  proportion  of  each 
species  is  a  function  of  the  chemical  dissociation  coefficient  (Ka)  and  the  proton 
concentration  (H*)  of  the  soil  environment.  Assuming  that  chemical  concentration  equals 
activity, 

(CP")  =  Ka  *  (CP0)  *  (try1,  and  (4) 
(CPtot)  =  (CP0)  +  (CF).  (5) 
Substituting  Equation  (4)  into  (5)  and  rearranging  gives: 

0=  (CP0)  *  (CPtot)  =  (l+10pH"pka)  -1  (6) 
(CF)*(CPtot)_1  =  1-0.  (7) 
Therefore  the  overall  Kp  can  be  expressed  as  a  function  of  the  species  composition 
and  partitioning  with  solid  and  colloidal  phases,  in  which  Equation  (2)  becomes, 

Kpapp  =  (1-00  *  [K,°  *  (0)  +  Kf  *  (1-0)]  +  (a)  *  [K2°  *  (0)  +  K2  *  (1-0)]  (8) 
where  "0"  and  "-"  superscripts  denote  neutral  and  anionic  forms,  respectively. 

Because  of  the  strong  dependence  of  sorption  on  the  organic  C  content  of  the 
sorbent,  partition  coefficients  are  often  normalized  for  this  parameter, 

K^KpMfoc)"1  (9) 
where  Koc  is  the  organic  C  normalized  partition  coefficient  (mL  g"1  OC),  and  f^  is  the 
fraction  of  organic  carbon  of  the  soil  (g  OC  g"1).  Normalizing  partition  coefficients  for 
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organic  C  and  converting  sorbent  mass  fractions  to  an  organic  C  basis,  Equation  (8) 
becomes, 

Kocapp=  (1-P)  *  [Kloc°  *  «>)  +  Kloc"  *  (1-<|>)]  +  (P)  *  [K2oc°*  (()))  +  K2oc-  *  (H)]  (10) 
where  (1-P)  is  the  fraction  of  soil  organic  C  in  the  solid  phase  (g  solid  OC  g~'  soil  OC),  P 
is  the  fraction  of  soil  organic  C  in  the  colloidal  phase  (g  colloid  OC  g"1  soil  OC),  and  OC 
subscripts  refer  to  organic  C  normalized  partition  coefficients.  When  P  is  negligible,  then 
the  last  term  of  Equation  (10)  drops  out  and  sorption  by  the  colloidal  phase  can  be 
ignored.  When  pH  «  pKa  then  (l-(}>)  approaches  zero  and  sorption  of  the  CP  anionic 
forms  can  be  ignored.  Normalization  of  partition  coefficients  for  organic  C  assumes  that 
sorption  of  the  neutral  and  ionic  forms  is  by  hydrophobic  partitioning,  and  ignores  other 
possible  sorption  mechanisms,  such  as  anion  exchange. 

Materials  and  Methods 

Soil  Collection  and  Incubation 

Soils  used  in  this  study  were  collected  from  the  surface  depth  (0-15  cm)  of  ten 
different  wetlands  in  the  U.S.  The  soil  organic  C  contents  ranged  between  0.9%  for 
Crowley  silt  loam  and  >40%  for  peat  soils  (Table  4.1).  Soils  were  passed  through  a  0.5- 
cm  sieve  to  remove  large  plant  roots  and  stones,  and  prepared  as  slurries  with  water 
collected  from  the  site.  To  establish  aerobic  and  anaerobic  conditions  in  the  soils,  5-mL 
soil  slurry  containing  between  0.13  and  1.1  g  dry  soil  were  added  to  27  mL  glass  tubes 
(Bellco  Glass,  Inc;  Vineland,  NJ)  and  amended  with  15  mL  of  oxygenated  or 
deoxygenated,  deionized,  distilled  water.  Tubes  were  sealed  with  Teflon-lined  rubber 
stoppers  and  Al  crimps,  and  the  headspace  of  anaerobic  tubes  was  purged  with  02-free  N2 
and  the  headspace  of  aerobic  tubes  was  purged  weekly  with  air  (headspace  02 
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concentrations  were  always  >13  kPa).  Tubes  were  incubated  on  an  orbital  shaker  at  150 
rpm  and  28°C  for  a  period  up  to  4  months.   The  headspace  of  anaerobic  tubes  was 
measured  weekly  for  accumulation  of  CH4.  When  CH4  concentration  became  >1.2  kPa, 
sorption  isotherm  tests  for  both  aerobic  and  anaerobic  tubes  were  initiated. 
Sorption  Experiments 

Tubes  were  spiked  with  seven  levels  (1,  10,  25,  50,  75,  100,  150  uL)  of  four  CP 
congeners  (PCP,  2,3,4,5-TeCP,  3,4,5-TCP,  and  3,5-DCP)  from  a  stock  solution  (1000  ug 
mL"1)  prepared  in  0.05  umol  L"1  NaOH  to  obtain  initial  CP  concentrations  between  0.05 
and  15  ug  mL"1  soil  solution.  All  test  levels  were  conducted  as  a  single  repetition  except 
the  75  uL  level,  which  was  conducted  in  triplicate  to  estimate  the  degree  of  analytical 
variation  (coefficient  of  variation  in  CP  recovery  was  <8%).  Tubes  were  equilibrated  on  a 
reciprocal  shaker  for  24  h,  which  has  been  previously  shown  to  be  of  sufficient  duration 
to  obtain  equilibrium  conditions  (Lee  et  al.,  1990).  CP  types  and  levels  were  chosen 
because  they  are  the  most  common  degradation  intermediates  of  PCP  in  these  soils 
(Chapter  3),  and  CP  contamination  levels  in  many  contaminated  soils  in  the  U.S.  fell  in 
this  range  (ATSDR,  1998).  The  NaOH-based  spike  solution  was  chosen  to  avoid  the 
experimental  artifact  of  enhanced  solubility  caused  by  organic  cosolvents  (Lee  et  al., 
1993).  The  buffering  capacity  of  the  soils  resisted  possible  pH  changes  from  spike 
amendments.  It  has  been  previously  established  that  interactions  among  CPs  during 
sorption  are  not  significant  in  most  soils,  so  that  isotherms  for  different  CPs  can  be 
determined  simultaneously  (Lagas  et  al.,  1988).  Moreover,  simultaneous  determination 
of  isotherms  may  more  accurately  reflect  situations  where  mixtures  of  CPs  occur,  such  as 
during  degradation. 
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Three  separate  phases  making  up  the  soil  (solid,  colloidal,  and  aqueous)  were 
isolated  by  a  cascading  centrifugal  fractionation  technique  similar  to  Perret  et  al.  (1994). 
The  aqueous  +  colloidal  phases  were  separated  from  the  solid  phase  by  low  speed 
centrifugation  (100  x  g  for  15  min).  The  aqueous  phase  was  separated  from  the  colloidal 
phase  by  high-speed  centrifugation  (10,000  x  g  for  30  min),  using  7  mL  supernatant 
obtained  from  the  first  centrifugation  which  was  carefully  transferred  with  a  stainless 
steel  needle  and  glass  syringe  to  a  Teflon  centrifuge  tube.  Estimations  of  particle  sizes  in 
each  fraction  were  calculated  using  Stokes  Law,  assuming  particle  densities  between 
1030  and  2500  kg  m"3  (Tchobanoglous  and  Schroeder,  1985):  solid  phase  (>2.6  um), 
colloidal  phase  (0.2  to  2.6  um),  and  dissolved  (<0.2  um).  The  concentration  and  organic 
C  content  of  the  colloidal  phase  was  determined  from  the  difference  in  dry  solids  and 
organic  C  content  of  supernatants  obtained  at  the  two  centrifugal  forces. 
Chemical  Analyses 

CPs  in  each  of  the  phases  were  prepared  as  acetyl  derivitives  and  analyzed  as 
described  by  Nicholsen  et  al.  (1992).  Briefly,  2  to  4  mL  of  aqueous  phase  or  the 
precipitated  colloidal  fraction  were  reacted  with  10  mL  of  0.5  mol  L  1  K2C03,  2  mL  of 
acetic  anhydride,  and  1  mL  hexane,  shaken  every  20  min  for  1  h,  and  settled  for  1  h  to 
allow  separation  of  hexane  and  aqueous  layers.  The  hexane  (top)  layer  containing  CP 
derivitives  was  transferred  with  a  disposable  glass  pipet  to  an  amber  glass  vial  with  teflon 
lined  cap  for  later  analysis.  The  CPs  in  the  solid  phase  were  first  extracted  with 
acetonitrile  (1:20  soil  solution  ratio)  for  24  h,  followed  by  centrifugation  at  400  x  g  for  5 
min.  One  or  2  mL  of  the  acetonitrile  extract  was  derivitized  as  described  above.  The 
hexane  phase  was  analyzed  using  a  Shimadzu  Model  14A  gas  chromatograph  with  63Ni 
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electron  capture  detector  and  autosampler,  and  equipped  with  SPB-50  column  (30  m  x 
0.32  mm  with  0.25  um  phase  thickness;  Supelco,  Belief onte,  PA).  Injector  and  detector 
temperatures  were  175°  C  and  300°  C  respectively,  and  the  following  oven  temperature 
program  was  used  to  separate  different  CPs:  80°  C  held  for  5  min,  ramp  at  5°  C  min"1  to 
200°  C  and  held  for  5  min. 

Total  C  in  the  soil  was  determined  using  a  CNS  elemental  analyzer  (Carla  Erba 
Model  1500),  which  was  composed  of  over  >98%  organic  C.  Cation  exchange  capacity 
was  determined  using  the  unbuffered  NH4CI  and  KN03  extraction  method  (Sumner  and 
Miller,  1996),  using  soils  incubated  under  aerobic  and  methanogenic  conditions. 

At  the  end  of  the  CP  sorption  experiment,  the  aqueous  +  colloidal  fraction  was 
evaluated  for  dry  bulk  density,  pH  (Fisher  Accumet  pH  Meter  915  and  Orion  Sureflow 
Ross  Semi-microelectrode),  electrical  conductivity  (YSI  Conductance  Meter  35  and  YSI 
Conductivity  Electrode  3417)  and  organic  C  (Dohrman  DC  190).  Ionic  strength  was 
estimated  from  the  empirical  relationship  derived  by  Griffin  and  Jurinak  (1973),  and 
using  the  temperature-corrected  value  of  electrical  conductivity.  The  aqueous  fraction  was 
also  evaluated  for  dry  bulk  density  and  organic  C.  All  organic  C  fractions  were  corrected 
for  the  amount  of  C  contained  as  CPs. 

Results 

Microbial  Activity  Effects  on  Soil  Properties 

Aerobic  and  methanogenic  processes  played  significant  roles  in  controlling 
several  chemical  and  physical  properties  of  soils  (Table  4.2  and  4.3).  Average  soil  pH 
values  ranged  between  3.9  and  7.5,  and  were  between  0.1  and  2.7  lower  under  aerobic 
conditions  than  methanogenic  soils.  The  largest  differences  were  observed  for  the  LSM 
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Table  4.2.  Effect  of  activities  of  aerobic  and  methanogenic  microorganisms  on  chemical 
characteristics  of  the  aqueous  phase  of  wetland  soils  at  the  end  of  sorption 
experiments.  Each  value  represents  the  mean±one  standard  deviation  obtained 
from  soils  (n=9). 

Soil   pH  Ionic  strength!  Dissolved  organic  C 

 Aer  Meth  Aer  Meth  Aer  Meth 

mmol  L"'  mg  L"1  soil 

Organic 


rlLrl 

J.OlO.l 

0.0±U.l 

A  14-1  A 
4.J+1.4 

A  A  4-6. 

44±0 

A 1  -1-1  1 
Olxl  1 

HLPU 

5.4±0.0 

5.810.1 

1.410.1 

1.210.1 

71111 

11017 

W2 

6.5±0.1 

7.210.1 

6.810.5 

5.710.1 

2414 

4015 

W8 

6.5±0.2 

7.010.0 

7.410.8 

6.510.4 

57115 

6316 

LSM 

3.9±0.1 

6.610.0 

3710.4 

3110.3 

1813 

4113 

NCB 

5.2±0.1 

5.810.1 

1.210.0 

0.910.1 

78117 

115120 

LAAF 

7.2±0.1 

7.510.0 

6.410.3 

5.610.2 

4213 

5714 

Mineral 
TAL 

4.1±0.2 

5.610.1 

1.910.0 

1.210.1 

913 

25+4 

PPP 

5.2±0.1 

6.010.1 

1.410.1 

1.510.2 

2418 

3414 

CR 

7.4±0.2 

7.510.1 

1.610.1 

2.410.1 

1014 

1914 

t  Determined  from  temperature-corrected  electrical  conductivity  and  relationship  of 
Griffin  and  Jurinak  (1973)  (i.e.  I.S.  (mmol  L"1)  =  0.013  x  E.C.  (umohs  cm'1). 
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Table  4.3.  Effect  of  aerobic  and  methanogenic  microbial  activities  on  selected  physical  and 
chemical  characteristics  of  the  colloidal  and  solid  phases  of  wetland  soils.  Each  value 
represents  the  mean  of  three  replicationsione  standard  deviation. 


Colloidal  Solid 


Soil 

Mass  (a) 

Fraction  organic  C  (fcoc) 

Cation  exchange  capacity 

Aer 

Meth 

Aer 

Meth 

Aer 

Meth 

gkg"1 

soil 

g  g"1  colloids 

(imol  g"1 

soil 

HLPl 

16±2 

36±4 

0.32±0.10 

0.27±0.03 

381±63 

574±44 

HI  PTI 

25±3 

33±5 

0.39±0.10 

0.40±0.05 

497±23 

524±13 

W? 

VV  — 

12±5 

20±8 

0.31±0.08 

0.29±.0.09 

984±20 

1247±240 

WR 
W  o 

bd+ 

21±11 

bd+ 

0.22±0.10 

548 

4531167 

LSM 

14±4 

86±9 

0.03±.0.01 

0.11±0.01 

236±16 

361±16 

NCB 

30±5 

44±4 

0.35±0.05 

0.31±0.08 

203±18 

223±17 

LAAF 

5±3 

5±1 

0.09±0.03 

0.04±0.02 

240±4 

310±19 

Mineral 

TAL 

1 1+5 

61±7 

0.07±0.02 

0.08±0.01 

78±7 

120±9 

PPP 

46±2 

50±4 

0.06±0.01 

0.05±0.01 

151+1 1 

166±10 

CR 

43±11 

6±1 

0.011±0.00 

bd§ 

64±4 

59±4 

t  Below  detection 
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soil,  and  the  least  differences  were  observed  with  CR  and  LAAF  soils.  Using  Equation 
(6)  and  pKa  values  (Table  4.9),  the  relative  proportion  of  total  CP  as  the  neutral  species 
(i.e.  0)  in  soils  ranged  between  0.002-0.87  for  PCP,  0.001-0.98  for  2,3,4,5-TeCP,  0.53-1.0 
for  3,4,5-TCP  and  0.85-1.0  for  3,5-DCP. 

Ionic  strengths  of  soil  solutions  ranged  between  1  and  37  mmol  L"  ,  and  values 
were  between  0.7  and  6  mmol  L"1  higher  under  aerobic  conditions  for  all  soils  except  CR 
and  PPP  (Table  4.2).  Dissolved  organic  C  concentrations  ranged  between  9  and  115  mg 
L'\  and  were  between  6  and  39  mg  L"1  higher  under  anaerobic  conditions.  Colloid 
concentrations  ranged  between  0  and  86  g  colloids  kg"1  soil,  and  were  significantly 
greater  in  all  anaerobic  treatments  except  for  PPP,  CR  and  LAAF  (Table  4.3).  The 
fractional  amount  of  organic  C  in  the  colloidal  phase  was  between  0.012  and  0.40,  and 
was  about  95%  of  the  amount  contained  in  the  original  soil  (r2>0.70).  There  was  no 
significant  difference  in  fractional  amount  of  organic  C  in  colloidal  phase  (p>0.1) 
between  aerobic  and  anaerobic  treatments.  Cation  exchange  capacity  of  the  soil  ranged 
between  60  and  1250  umol  g"1,  was  highest  in  organic  soils,  and  ranged  between  0  and 
35%  higher  under  methanogenic  conditions  than  aerobic  conditions. 

Chlorophenol  Sorption 

The  equilibrium  distribution  of  CPs  among  three  phases  was  also  significantly 
influenced  by  the  types  of  soil  and  microbial  activities  present  (Fig.  4.2).  The  average 
mass  recovery  of  CPs  in  different  phases  was  between  1  and  94%  for  the  aqueous  phase, 
0  and  8.4%  for  the  colloidal  phase,  and  6  and  98%  for  the  solid  phase.  For  highly 
chlorinated  phenols  (PCP  and  2,3,4,5-TeCP),  significantly  higher  amounts  were 
distributed  in  the  aqueous  and  colloid  phases  in  anaerobic  treatments  (p<0.001). 
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However  the  influence  of  microbial  activity  was  less  apparent  for  less  chlorinated 
phenols. 

For  a  given  soil  treatment,  the  equilibrium  distribution  was  constant  over  the 
concentration  range  tested  (0-15  ug  mL1)  signifying  that  sorption  isotherms  were  linear 
(Fig.  4.3;  Table  4.4-4.7).  Coefficients  of  determination  (r)  for  linear  partition 
coefficients  ranged  between  0.67  and  0.99,  and  were  typically  lowest  for  colloidal  phase 
(i.e.  K2)  probably  due  to  difficulties  encountered  while  separating  the  colloidal  phase 
from  the  aqueous  phase  and  the  very  small  quantities  extracted  (<0.02  g). 

For  PCP,  Ki  (i..e.  solid:aqueous  partitioning  coefficient)  ranged  between  1  and 
2149  mL  g"1  (Table  4.4).  Combining  results  for  all  soils  and  treatments,  there  was  no 
significant  difference  in  Ki  between  organic  and  mineral  soils  (p>0.05).  However,  aerobic 
soils  had  significantly  higher  Ki  than  methanogenic  soils  (p<0.001).  For  example,  Kt  for 
LSM,  TAL,  HLPI  soils  were  30,  10,  and  8  times  higher  under  aerobic  conditions 
compared  to  the  same  soils  under  anaerobic  conditions.  Exceptions  were  the  LAAF  and 
CR  soils  that  showed  about  the  same  Ki  under  aerobic  and  anaerobic  conditions. 

The  K2  (i.e.  colloid:aqueous  partitioning  coefficient)  values  ranged  between  3.6 
and  808  mL  g"1,  and  were  significantly  higher  in  organic  soils  than  mineral  soils  (Table 
4.4).  For  most  soils,  K2  values  were  up  to  23  times  higher  under  aerobic  conditions 
compared  to  anaerobic  conditions.  K2  values  averaged  about  85%  of  Ki  (r2=0.87). 

The  Kp  (i.e.  true  soihwater  partition  coefficient),  in  which  the  total  amount  of  CP 
in  the  colloidal  and  solid  phases  was  set  equal  to  the  amount  in  soil,  ranged  between  1 
and  2017  mL  g"1  (Table  4.4).  These  values  were  typically  lower  than  Ki  because  of  lower 
K2.    As  observed  for  other  partition  coefficients,  Kp  was  significantly  higher  under 
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aerobic  conditions.  While  Kp  represents  the  true  partitioning  coefficient  of  the  soil,  it  may 
not  accurately  reflect  partitioning  in  natural  systems  where  a  significant  amount  of 
contaminant  may  be  mobilized  in  the  colloidal  phase.  It  was  expected  that  the 
solid:aqueous+colloidal  partition  coefficient,  or  Kpapp,  would  be  more  reflective  of  these 
conditions  and  would  be  considerably  lower  than  Kp.  The  Kpapp  for  PCP  averaged  80%  of 
the  true  Kp  (r  =0.98),  excluding  the  aerobic  LSM  for  which  the  percentage  decreased  to 
42%. 

Lower  CPs  had  different  partition  coefficients  than  PCP,  which  typically  followed 
the  order  2,3,4,5-TeCP>PCPs3,4,5-TCP>3,5-DCP  (Table  4.4-4.7).  Many  of  the  trends 
observed  for  sorption  of  PCP  were  also  observed  for  lower  CPs.  Partition  coefficients 
were  significantly  higher  (p<0.05)  for  organic  soils  than  mineral  soils.  Partition 
coefficients  (Ku  K2,  and  Kp)  averaged  41%,  32%,  and  4%  lower  under  anaerobic 
conditions  than  aerobic  conditions  for  2,3,4,5-TeCP,  3,4,5-TCP,  and  3,5-DCP, 
respectively.  These  results  indicated  that  aerobic  and  anaerobic  activities  played  an 
increasingly  important  role  as  the  number  of  chlorine  substituents  increased.  In  contrast  to 
PCP,  there  was  no  significant  difference  (p>0.1)  between  Kj  and  K2  for  lower  CPs.  The 
Kpapp  averaged  38%,  60%,  and  80%  of  the  true  Kp  for  2,3,4,5-TeCP,  3,4,5-TCP,  and  3,5- 
DCP,  respectively,  indicating  that  colloid-facilitated  transport  may  also  be  important  for 
lower  CPs. 

Relationships  Between  Partition  Coefficients  and  Soil  Properties 

Sorption  properties  of  CPs  were  correlated  with  several  soil  chemical  properties 
(Table  4.8).  Partition  coefficients  Ku  K2,  Kp  showed  similar  correlations,  therefore, 
average  values  are  presented.  Partition  coefficients  for  PCP  and  2,3,4,5-TeCP  were  most 
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Table  4.8.       Correlation  coefficients  (r)  between  soil  properties  and  the 

logarithm  of  partition  coefficients  for  four  chlorophenols 
 (n=20).  


Soil  property 

PCP 

2,3,4,5-  TeCP 

3,4,5-TCP 

3,5-DCP 

PH 

-0.64*** 

-0.61*** 

-0.48* 

-0.37f 

Fraction  organic 
carbon 

0.60*** 

0.64*** 

0.70*** 

0.76*** 

Dissolved  organic 
carbon 

0.40+ 

0.47* 

0.52* 

0.57* 

Cation  exchange 
capacity 

-0.05f 

0.17f 

0.24f 

0.16f 

***  and  **  represent  significance  at  p<0.001  and  p<0.05  levels,  respectively. 
f  not  significant  at  p>0.05 
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highly  correlated  with  pH  (negative  correlation),  and  fraction  of  organic  C  in  solid  and 
colloidal  phases  (p<0.001),  but  were  not  significantly  correlated  with  dissolved  organic  C 
or  cation  exchange  capacity.  For  lower  CPs  (3,4,5-TCP  and  3,5-DCP),  partition 
coefficients  were  also  highly  correlated  with  fraction  of  organic  carbon,  however  poor 
correlations  were  observed  with  pH,  dissolved  organic  C,  and  cation  exchange  capacity. 
While  ionic  strength  plays  an  important  role  for  ionized  CPs  (Schellenburg  et  al.,  1984; 
Lee  et  al.,  1990),  correlation  coefficients  could  not  be  determined  because  too  few  soils 
had  sufficiently  high  pH. 

Strong  relationships  with  organic  C  content  supported  application  of  Equation  (9) 
to  normalize  partition  coefficients  for  this  parameter.  Normalization  for  organic  C 
reduced  variation  in  partition  coefficients  (Kp)  from  1550-  to  90-fold  for  PCP,  1300-  to 
30-fold  for  2,3,4,5-TeCP,  140-  to  8-fold  for  3,4,5-TCP,  and  203-  to  5-fold  for  3,5-DCP. 

The  strong  negative  correlation  with  pH  indicated  that  partitioning  was  greater  for 
neutral  CP  species  compared  to  ionic  forms  (Fig.  4.4a-d).  Experimental  Koc  values 
reasonably  agreed  with  those  predicted  by  Equation  (10)  (r2=80%).  Partition  coefficients 
for  the  neutral  (Koc°)  and  ionic  (Kqc")  species  were  determined  from  soils  where  these 
species  predominated  (i.e.  high  and  low  values  of  ((),  respectively)  (Table  4.9).  At  the  pH 
range  of  soils  in  this  study,  3,4,5-TCP  and  3,5-DCP  existed  primarily  in  the  neutral 
forms,  therefore,  K^"  values  for  these  chemicals  could  not  be  determined.  For  both  solid 
and  colloidal  phases,  sorption  of  the  neutral  forms  of  PCP  and  2,3,4,5-TeCP  were 
between  11  and  50  times  greater  than  anionic  forms.  For  a  given  CP  species,  K2oc  was 
greater  than  Kioc,  indicating  that  organic  C  associated  with  the  colloidal  phase  had  a 
higher  affinity  for  CPs.  The  relative  order  of  partitioning  of  the  neutral  CP  species 
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Table  4.9.  Organic  carbon  normalized  partition  coefficients*  for  neutral  and  ionic 
forms  of  four  chlorophenols  with  the  solid  and  colloidal  phases. 


Chlorophenol  pKa* 


Solid 


Colloid 


K 


loc 


o§ 


K 


loc 


K2oc° 


K 


2oc 


PCP 

4.74 

13024 

278 

2,3,4,5-TeCP 

6.64 

5897 

530 

3,4,5-TCP 

7.55 

1323 

ND* 

3,5-DCP 

8.25 

548 

ND 

mL  g"  organic  carbon  

24920  447 
15470  499 
2051  ND 
935  ND 


t  Values  obtained  from  Figure  4.4 
$  Values  obtained  Ugland  et  al.,  1981 

§  Superscripts  "°"  and  "~"  refer  to  the  neutral  and  anionic  forms,  respectively. 
1  Not  determined  in  this  study. 
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followed  the  order  PCP>2,3,4,5-TeCP>3,4,5-TCP>3,5-DCP.  However,  there  was  no 
obvious  trend  in  the  order  of  partitioning  of  the  anionic  forms  of  PCP  and  2,3,4,5-TeCP. 

Discussion 

Microbial  Activity  Effects  on  Soil  Properties 

Results  from  this  study  demonstrated  that  the  activities  of  aerobic  and 
methanogenic  microorganisms  significantly  altered  soil  chemical  and  physical 
characteristics.  These  differences  were  likely  the  outcome  of  the  oxidative  and  reductive 
processes  carried  out  by  these  microbial  groups.  In  aerobic  treatments,  decreased  pH  was 
likely  attributed  to  cumulative  oxidative  processes  in  the  aerobic  soils  (e.g.  nitrification, 
Fe  oxidation,  sulfide  oxidation)  that  resulted  in  net  release  of  protons.  Soils  with  higher 
amounts  of  oxidizable  components  (e.g.  salt  marsh  soils  with  high  amounts  of  H2S  or 
eutrophic  soils  with  high  amounts  of  NH/)  are  therefore  expected  to  have  largest  pH 
differences  between  aerobic  and  anaerobic  treatments.  Generated  protons  likely  displaced 
cations  from  surface  exchange  sites,  resulting  in  increased  ionic  strength  of  soil  solution. 
For  mineral  PPP  and  CR  soils,  production  of  Fe+2  likely  contributed  to  increased  ionic 
strength  under  anaerobic  conditions.  Protonation  of  pH-dependant  soil  surface  charges 
likely  decreased  cation  exchange  capacity  in  aerobic  treatments.  In  addition,  protonation 
and  cation  complexation  of  carboxylate  and  phenolate  functional  groups  associated  with 
humic  substances  of  DOC,  colloidal  OC,  and  solid  OC  likely  increased  their 
hydrophobicity.  For  DOC  and  colloidal  OC,  this  may  have  accounted  for  reduced 
aqueous  solubilities  and  concentrations  in  the  aerobic  treatments.  Decreased  DOC  and 
colloidal  OC  in  aerobic  treatments  compared  to  anaerobic  treatments  were  also  likely  due 
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to  differences  in  the  amount  of  organic  C  mineralized  during  the  pre-incubation  period. 
Many  of  these  processes  influenced  the  ability  of  soils  to  sorb  CPs. 
Chlorophenol  Sorption 

Different  microbial  activities  gave  rise  to  soils  with  significantly  different  sorption 
characteristics.  Soils  under  aerobic  conditions  exhibited  increased  sorption  compared  to 
the  same  soils  under  anaerobic  conditions.  This  was  attributed  to  a  number  of  possible 
mechanisms.  First,  lower  pH  of  the  aerobic  soils  increased  the  proportion  of  neutral  CP, 
which  was  bound  between  11  and  50  times  more  than  the  ionic  species.  Lower 
chlorinated  phenols  (3,4,5-TCP  and  3,5-DCP)  were  less  affected  by  changes  at  pH<8, 
since  they  exist  predominantly  in  their  neutral  forms  in  this  pH  range.  The  effect  of  pH 
has  been  previously  demonstrated  (Lagas,  1988;  Bellin  et  al.,  1990;  Lee  et  al.,  1990; 
Shimizu  et  al.,  1992).  Hydrophobic  partitioning  of  the  neutral  and  ionic  forms  of  CPs  was 
likely  the  dominant  mechanism  since  the  sorption  model  (Equation  10)  that  included  pH 
and  organic  C  reasonably  agreed  with  experimental  results. 

Much  of  the  colloidal  mass  and  associated  CPs  observed  in  anaerobic  treatments 
were  precipitated  or  degraded  when  exposed  to  aerobic  conditions.  Colloidal  organic  C, 
which  likely  consisted  of  a  mixture  of  humic  substances  and  microbial  cells,  had  a  higher 
affinity  for  CPs  than  organic  C  of  separable  solids.  High  CP  partition  coefficients  of  these 
materials  has  been  previously  demonstrated  (Kennedy  and  Pham,  1995;  Escher  et  al., 
1996;  Jacobsen  et  al.,  1996). 

Discrepancies  between  partition  coefficients  predicted  by  Equation  (10)  and 
determined  experimentally  were  likely  attributed  to  factors  that  were  not  included  in  the 
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model,  including  unaccounted  adsorption  mechanisms,  chemical  makeup  of  organic  and 
inorganic  soil  constituents,  and  effects  of  dissolved  organic  C. 

While  the  model  accounts  for  changes  in  the  relative  distribution  of  CP  in  neutral 
and  anionic  forms,  it  does  not  account  for  changes  in  charge  of  carboxylate  (pKa  =4.5) 
and  phenolic  (pKa=10)  functional  groups  associated  with  natural  organic  matter  (i.e. 
sorbent)  (Swift,  1996).  At  pH<pKa,  these  groups  are  converted  to  protonated  forms, 
which  show  decreased  organic  matter  intra-  and  intermolecular  charge  repulsion  and 
increased  organic  matter  hydrophobicity.  Thus  at  low  pH,  CP-organic  matter  interactions 
would  be  increased. 

In  soils  with  high  ionic  strength  and  where  pH>pKa  by  over  one  unit,  organic 
anions  may  exist  as  ion  pairs,  which  may  partition  into  organic  phase  (Westall  et  al., 
1985;  Lee  et  al.,  1990),  or  may  form  cation  bridges  with  soil  exchange  sites  (Chen  et  al., 
1992).  This  mechanism  would  be  expected  to  be  greatest  for  PCP  and  2,3,4,5-TeCP  and 
in  soils  with  high  organic  matter  and  ionic  strength  such  as  exhibited  by  estuarine 
wetlands. 

The  presence  of  oxidized  forms  of  iron  in  aerobic  soils  may  provide  sites  for 
ligand  exchange,  as  observed  during  inorganic  phosphate  sorption  (Reddy  et  al.,  1998). 
However,  this  mechanism  apparently  plays  a  small  role  for  CPs,  since  pure  Fe203  show 
very  small  partition  coefficients  (Lee  et  al.,  1990). 

Different  types  of  organic  matter  between  soils  (e.g.  different  types  and  amounts 
of  plant  material,  degrees  of  decomposition,  hence  chemical  characteristics)  likely  had 
distinctive  sorption  properties.  Partition  coefficients  normalized  for  total  organic  carbon 
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content  do  not  take  into  account  these  differences,  and  which  may  account  for  error 
between  model  and  experimental  results. 

It  has  been  shown  that  dissolved  organic  C  may  enhance  desorption  of 
hydrophobic  organic  compounds  either  by  acting  as  cosolvent  (Galil  and  Novak,  1995; 
Pardue  et  al.,  1993;  Pinal  et  al.,  1990),  complexing  with  contaminants  (Chen  et  al.,  1992) 
or  competing  for  soil  sorption  sites  (Janzen  et  al.,  1996).  However,  these  mechanisms 
were  thought  to  be  minimal  since  DOC  was  not  correlated  with  partitioning  coefficients. 

Results  from  this  study  have  important  implications  on  the  mobility  of  CPs  in 
contaminated  soils.  In  anaerobic  soils,  lower  partition  coefficients  of  the  solid  phase  and 
greater  concentrations  of  colloidal-bound  CP  would  increase  its  horizontal  and  vertical 
mobility  in  the  soil-water  profile.  These  conditions  would  be  magnified  by  resuspension 
and  other  soil-water  exchange  processes  (Pardue  et  al.,  1993;  Rostad,  1997).  In  quiescent 
systems  with  established  aerobic  and  anaerobic  soil  layers,  CP  transport  would  be 
reduced  because  the  aerobic  surface  soil  with  its  high  Kp  would  be  expected  to  be  an 
effective  trap  for  CPs  dissolved  in  the  surface  water  or  CPs  diffusing  upward  from 
anaerobic  soil  layers.  Sorption  of  CPs  in  the  aerobic  layer  may  curtail  its  movement  to 
anaerobic  layers  where  it  may  more  readily  undergo  degradation  (Mikesell  and  Boyd, 
1988;  Chapter  3).  These  processes  would  be  most  accentuated  for  PCP  and  2,3,4,5-TeCP 
that  have  higher  partition  coefficients  and  lower  dissociation  coefficients  compared  to 
3,4,5-TCP  and  3,5-DCP. 

Bioavailability  of  CPs  would  likely  also  be  influenced  by  activities  of 
microorganisms.  For  example,  higher  sorption  of  CPs  in  aerobic  soils  may  reduce 
concentrations  in  the  bioavailable  pool.  As  a  result,  concentrations  in  the  soluble  pool 
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may  be  too  low  to  induce  synthesis  of  degrading  enzymes,  degradation  kinetics  would  be 
restricted  (Chapter  2)  and  higher  residual  concentrations  would  be  expected  in  the  soil. 
On  the  other  hand,  increased  sorption  under  aerobic  conditions  may  protect 
microorganisms  from  toxic  levels  of  CPs,  thereby  allowing  degradation  to  proceed  at 
higher  soil  concentrations  (Apajalahti  and  Salkinoja-Salonen,  1984;  Chapter  3).  Through 
manipulation  of  microbial  activity  in  these  systems,  sorption  and  biodegradative 
processes  may  be  optimized  to  achieve  successful  remediation  of  CP  contaminated  soils. 

In  conclusion,  activities  of  aerobic  and  methanogenic  microorganisms 
significantly  altered  soil  chemical  and  physical  characteristics,  which  gave  rise  to  soils 
with  different  CP  sorption  properties.  Partition  coefficients  for  PCP  and  2,3,4,5-TeCP 
were  up  to  30  times  higher  under  aerobic  compared  to  anaerobic  conditions.  The  effect  of 
aerobic  processes  on  sorption  were  mostly  attributed  to  (i)  decreased  pH,  which  increased 
the  fraction  of  CP  in  the  neutral  form;  (ii)  decreased  colloidal-bound  CPs;  and  (iii) 
increased  ionic  strength  in  soils  with  pH>7,  which  likely  promoted  formation  and 
sorption  of  PCP"  and  2,3,4,5-TeCP"  as  ion  pairs.  Less  chlorinated  phenols  (3,4,5-TCP 
and  3,5-DCP)  were  less  affected  by  differences  in  microbial  activity,  pH,  and  ionic 
strength  because  they  existed  predominantly  as  neutral  species  in  the  pH  range  of  the 
soils. 

Agreement  between  experimental  data  and  sorption  curves  generated  by  Equation 
(10)  demonstrated  that  measurements  of  pH  and  organic  C  content  of  solid  and  colloidal 
fractions  may  used  to  reasonably  (r2=80%)  predict  CP  sorption.  Results  demonstrated 
that,  in  addition  to  biodegradation,  activities  of  microorganisms  play  additional  roles  in 
regulating  fate  of  contaminants. 


CHAPTER  5 
WETLAND  TOXIC  ORGANIC  FATE  MODEL 

Introduction 

Regulators  of  transformations  and  partitioning  of  pentachlorophenol  (PCP)  in 
wetland  soils  were  evaluated  separately  in  individual  experiments  (Chapters  3  and  4).  In 
wetlands  however,  these  processes  occur  simultaneously  and  through  a  complex  set  of 
interactions  in  the  soil-water  column.  In  the  present  chapter,  these  processes,  in  addition 
to  photolysis  and  transport,  will  be  coupled  in  a  Wetland  Toxic  Organic  Fate  Model 
(WTOX),  to  predict  the  fate  of  PCP  in  hypothetical  flooded  soil  columns.  Although 
environmental  partitioning  of  chlorophenols  (CPs)  has  been  examined  previously  using 
fugacity  models  (Shiu  et  al.,  1994),  the  objective  of  the  present  study  is  to  investigate, 
through  simulations  with  WTOX,  potential  impediments  to  bioremediation,  and  possible 
strategies  to  overcome  these  barriers. 

Materials  and  Methods 
Wetland  Toxic  Organic  Fate  Model  (WTOX)  Development 

A  mechanistic  model  was  developed  to  simulate  the  vertical  distribution  of  PCP 
transformations  in  a  flooded  soil  column,  following  a  similar  approach  used  for 
simulating  the  fate  of  nitrogen  (Reddy  et  al.,  1990;  Martin  et  al.,  1997).  The  dominant 
processes  controlling  the  environmental  fate  of  PCP  were  incorporated  into  the  model, 
including  photolysis,  aerobic  mineralization,  methylation,  reductive  dechlorination, 
sorption,  and  diffusion  between  vertical  layers  in  the  soil  (Fig.  5.1).  Volatilization, 
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Figure  5.1.      Diagram  of  Wetland  Toxic  Organic  Fate  Model,  showing 
state  variables  (boxes)  and  transformations  (arrows). 
Definition  of  terms  and  values  of  rate  constants  are  provided 
in  Table  5.1.  Governing  equations  are  provided  in  Table  5.2. 
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hydrolysis,  oxidation,  vegetative  uptake,  and  oxidative  coupling  were  not  included 
because  they  are  relatively  small  sinks  for  PCP  compared  to  photolysis  and  biotic 
transformations  (Weiss  et  al.,  1982;  Bellin  and  O'Connor,  1990;  Clement  International 
Corporation,  1994;  Shiu  et  al.,  1994). 

The  model  was  designed  to  be  generally  applicable  to  most  types  of  soils,  by 
requiring  specific  inputs  of  PCP  contamination  level,  soil  organic  C,  pH,  depths  of 
electron  acceptor  reducing  zones,  and  microbial  biomass.  These  were  found  to  be  the 
dominant  regulators  of  individual  processes  in  earlier  chapters.  The  influence  of 
changing  these  parameters  on  the  fate  of  PCP  will  be  evaluated  through  computer 
simulations.  All  process  rates  and  model  simulations  were  assumed  to  occur  at  25°C. 

The  model  used  for  describing  the  coupled  PCP  transport,  transformations,  and 
partitioning  was  conceptualized  and  simulated  using  the  modeling  software  package 
STELLA  II  (High  Performance  Ltd,  Hanover,  New  Hampshire)  (Debusk,  1996;  Martin 
and  Reddy,  1997).  Definitions  of  state  variables,  values  for  constants,  and  soil  property- 
process  relationships  are  summarized  in  Table  5.1.  Governing  equations  to  describe  PCP 
fate  are  listed  in  Table  5.2.  The  integration  method  was  by  fourth-order  Runge-Kutta 
technique,  using  a  0. 1  d  time  step,  and  30  d  simulations. 

Floodwater  was  viewed  as  aerobic,  well-mixed,  and  of  30  cm  depth  (Fig  5.1).  The 
soil  depth  was  also  30  cm,  but  was  partitioned  into  three  discrete  layers  based  upon 
dominant  terminal  electron  acceptor  reducing  processes,  including  aerobic  (aer),  alternate 
electron  acceptor  reducing  (e.g.  S042"-reducing,  referred  to  as  aea),  and  methanogenic 
(meth).  Other  soil  chemical  characteristics  (bulk  density  and  water  content,  pH,  organic 
C,  and  microbial  biomass)  were  viewed  as  uniform  throughout  the  profile.  Each  layer 
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was  assigned  unique  fate  processes  and  rate  coefficients,  according  to  occurrence, 
relationships  presented  in  the  previous  chapters,  and  literature  values  (Table  5.1).  State 
variables  had  units  of  umol  era"3  and  rate  constants  were  first  order  (d1),  giving  flows 
with  units  of  umol  era"3  d"1.  The  relative  distribution  of  PCP  in  each  of  the  layers  at  the 
end  of  the  30  d  simulations  was  determined  by  multiplying  the  quantity  by  the  interval 
depth,  and  dividing  by  the  sum  of  all  values. 

Photolysis,  which  was  not  determined  in  my  research,  was  assumed  to  occur  only 
in  the  water  column,  using  a  first-order  decay  coefficient  of  0.0134  d"1  for  the  neutral 
form  of  PCP  and  0.384  d"1  for  the  anionic  form  (Wong  and  Crosby,  1981).  The  constant 
used  in  the  model  was  calculated  from  these  values  weighted  for  the  relative  amount  of 
PCP  in  each  form,  similar  to  the  approach  used  for  calculating  the  sorption  coefficient 
(Kp)  in  Chapter  4  (Table  5.2): 

kv=  0.0134  (((>)  +  0.384  (l-<t>) 
where  (])  =  (1  +  10pHpKy 
Methylation  and  aerobic  degradation  of  PCP  were  allowed  to  occur  only  in  the 
aerobic  soil  zone,  in  which  both  the  dissolved  and  sorbed  PCP  were  degraded.  It  was 
hypothesized  that  because  PCP  partitions  strongly  with  microbial  membranes  (Escher  et 
al.,  1996),  and  microorganisms  are  largely  associated  with  soil  particles,  that  the  sorbed 
PCP  could  also  diffuse  across  microbial  membranes  and  be  biodegraded.  Moreover,  slow 
sorption  kinetics  may  allow  a  higher  proportion  of  the  total  PCP  to  be  available  for  rapid 
biodegradation  (Brusseau  and  Rao,  1989).  Sorption  kinetics  are  inversely  related  to  the 
partition  coefficient,  so  would  be  expected  to  slowest  for  soils  with  low  pH  and  high 
organic  matter. 
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Table  5.2.  Integrated  forms  of  the  governing  equations  used  in  the  Wetland  Toxic 
Organic  Fate  Model.  Refer  to  Figure  5.1  for  diagram  of  model. 

State  variables  (umol  cm"3) 

Water 

watPCP(t)  =  watPCP(t  -  dt)  +  (-  diffwaer  -  Photolysis)  *  dt 
Water  PCP  concentration 

photodegPCP(t)  =  photodegPCP(t  -  dt)  +  (Photolysis)  *  dt 
Photodegraded  PCP 

Aerobic  soil  layer 

aerPCP(t)  =  aerPCP(t  -  dt)  +  (diffwaer  -  aersorb  -  diffaeraea  -  aerdeg  -  Methylation)  *  dt 
Dissolved  PCP  in  aerobic  soil;  Over  0.025  toxic 

aerPCPs(t)  =  aerPCPs(t  -  dt)  +  (aersorb)  *  dt 

INIT  aerPCPs  =  aerPCP*Kp 

PCP  sorbed  in  aerobic  layer,  jjmol/g 

aerco2(t)  =  aerco2(t  -  dt)  +  (aerdeg)  *  dt 
PCP  degraded  in  aerobic  soil  layer 

PCA(t)  =  PCA(t  -  dt)  +  (Methylation)  *  dt 
Pentachloroanisole  concentration  in  aerobic  layer 

Alternate  electron  acceptor  reducing  soil  layer 

aeaPCP(t)  =  aeaPCP(t  -  dt)  +  (diffaeraea  -  diffaeameth  -  aeasorb)  *  dt 
Dissolved  PCP  in  alternate  electron  acceptor  reducing  layer 

aeaPCPs(t)  =  aeaPCPs(t  -  dt)  +  (aeasorb)  *  dt 
INIT  aeaPCPs  =  aeaPCP*Kp 

PCP  sorbed  in  alternate  electron  acceptor  reducing  layer,  ijmol/g 
Methanogenic  soil  layer 

methPCP(t)  =  methPCP(t  -  dt)  +  (diffaeameth  -  Redechl  -  methsorb)  *  dt 
Dissolved  PCP  in  methanogenic  layer 

methPCPs(t)  =  methPCPs(t  -  dt)  +  (methsorb)  *  dt 

INIT  methPCPs  =  methPCP*Kp 

PCP  sorbed  in  methanogenic  layer,  jjmol/g 
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Table  5.2.  cont. 
Methanogenic  soil  layer 

RDproducts(t)  =  RDproducts(t  -  dt)  +  (Redechl)  *  dt 
Reductively  dechlorinated  PCP  in  methanogenic  layer 

Processes  (pmol  cm"3  d"1) 

Water 

Photolysis  =  watPCP*(0.0134/(l+10A(pH-4.74))+0.384-0.384/(l+10A(pH-4.74))) 
Photolysis  rate  corrected  for  PCP  in  acid  and  anion  forms;  PCP  pKa-4.74 

diffwaer  =  Diffcoef*(watPCP-aerPCP)/(daer/2) 
Diffusion  rate  between  water  and  aerobic  soil. 

Aerobic  soil  layer 

aerdeg  =  if  (aerPCP<=0.025)  then  (aerPCP*0.2)  else  0 
Aerobic  degradation  of  PCP.  Assume  rate  of0.2/d 

Methylation  =  if  (aerPCP<=0.025)  then  (0. 00346 *aerPCP)  else  0 
Methylation  of  PCP  to  form  pentachloroanisole 

aersorb  =  (aersorbtrgt-aerPCPs)*sorbrt 

Sorption-de sorption  equilbrium  using  stock  adjustment  process  (pg  125  Stella  II  users 
guide) 

diffaeraea  =  diffcoef*(aerPCP-aeaPCP)/((daea+daer)/2) 

Diffusion  of  PCP  between  aerobic  and  alternate  electron  acceptor  reducing  layers 
Alternate  electron  acceptor  reducing  zone 
aeasorb  =  (aeasorbtrgt-aeaPCPs)*sorbrt 

Sorption-desorption  equilbrium  using  stock  adjustment  process  (pg  125  Stella  II  users 
guide) 

diffaeameth  =  diffcoef*(aeaPCP-methPCP)/((daea+dmeth)/2) 

Diffusion  between  alternate  electron  acceptor  reducing  and  methanogenic  layers 

Methanogenic  zone 

Redechl  =  if  (meth  PCP<=0.01)  then  (methPCP*(34*LOGN(Microbial_C)-75)/196))  else  0 
Reductive  dechlorination  of  PCP  in  methanogenic  layer.  Over  0.01  toxic.  First  order  rate 
coefficient  is  a  function  of  microbial  C. 
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Table  5.2.  cont. 
Methanogenic  zone 

methsorb  =  (methsorbtrgt-methPCPs)*sorbrt 

Sorption-desorption  equilbrium  using  stock  adjustment  process  (pg  125  Stella  II  users 
guide) 

Parameters 

Kp  =  (13024/(l+10A(pH-4.74))+278-278/(l+10A(pH-4.74)))*organic_C 

Sorption  coefficient,  mUg;  Determined  from.  pH  and  organic  C  content;  PCP  pKa=4. 74 

sorbrt  =  0.1 

Sorption-desorption  rate,  g  soil/cm3/d 
aersorbtrgt  =  aerPCP*Kp 

Target  PCP  in  sorbed  phase  in  aerobic  layer,  /umol/g 
aeasorbtrgt  =  aeaPCP*Kp 

Target  PCP  in  sorbed  phase  in  alternate  electron  acceptor  reducing  layer,  fjmol/g 
methsorbtrgt  =  methPCP*Kp 

Target  PCP  in  sorbed  phase  in  methanogenic  layer,  /umol/g 
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The  aerobic  degradation  rate  used  in  the  model  was  calculated  from  the  average 
first-order  rate  coefficient  for  wetland  soils  obtained  in  Chapter  3  (Table  5.1).  The 
average  value  was  used  because  none  of  the  soil  properties  were  correlated  to  these  rates. 
Lag  phases  before  degradation  were  not  included  in  the  model  because  they  also  could 
not  be  predicted  from  soil  properties.  Reductive  dechlorination  was  assigned  only  to  the 
methanogenic  zone,  since  O2  and  other  inorganic  electron  acceptors  inhibited  this 
reaction  (Chapter  3).  First-order  dechlorination  rates  were  determined  from  relationships 
with  microbial  biomass  as  described  in  Chapter  3  (Table  5.1).  When  PCP  concentrations 
were  >25  umol  L"  or  >10  umol  L"'in  the  aerobic  and  methanogenic  layers,  respectively, 
degradation  rates  were  set  equal  to  zero  due  to  toxicity  (Chapter  3). 

Soil-water  partitioning  was  evaluated  as  a  linear  and  reversible  isotherm,  with  the 
coefficient  (Kp)  a  function  of  soil  pH  and  organic  C  as  described  in  Chapter  4  (Table  5.2). 
The  rate  of  transport  between  soil  and  water  layers  by  molecular  diffusion  was  calculated 
by  multiplying  the  diffusion  coefficient  (Ds,  cm2  d"1)  by  the  aqueous  concentration 
gradient  (umol  cm"  cm"  )  observed  between  adjacent  layers.  Values  of  diffusion 
coefficients  for  PCP  could  not  be  found  in  the  literature.  However,  values  for  ubiquinone 
in  microbial  membranes  (Lanzer  et  al.,  1987),  and  N03"  and  NH/  in  soils  (Reddy  et  al., 
1990)  are  between  0.2  and  1.7  cm2  d"1.  Values  of  0.2  are  probably  representative  of 
molecular  diffusion  of  PCP,  however,  values  of  10  were  also  included  in  simulations  to 
account  for  convective  or  mass  flow  processes  (e.g.  bioturbation,  gas  ebullition,  evapo- 
transpiration  enhanced  transport,  and  mechanical  mixing)  (Martin  and  Reddy,  1997).  The 
gradient  was  evaluated  from  dissolved  PCP  concentrations  at  the  midpoint  of  adjacent 
soil  layers,  except  in  the  case  of  soil-water  exchange  where  the  gradient  was  evaluated  at 
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the  interface.  Depths  of  the  terminal  electron  acceptor  reducing  zones  were  assumed  to  be 
1,  5,  and  24  cm  for  the  aerobic,  alternate  electron  acceptor  reducing,  and  methanogenic 
layers,  respectively.  These  depths  are  typical  for  a  freshwater  wetland.  In  a  wetland 
where  NO3  or  SO4  "  are  the  dominant  terminal  electron  acceptor  reducing  processes 
throughout  the  soil  profile,  PCP  degradation  would  be  strongly  inhibited  (Chapter  3), 
therefore,  these  simulations  were  not  conducted. 
Model  Simulations 

The  fate  of  PCP  was  simulated  for  30  d  after  "spills"  of  PCP  to  either  the 
floodwater  of  a  soil  column  (Simulations  1-10)  or  directly  to  a  subsurface  methanogenic 
soil  layer  (Simulations  1 1-20).  The  latter  reflects  inputs  into  a  subsurface  flow  wetland  or 
contaminated  soil  that  has  been  subsequently  flooded.  These  spills  resulted  in  either  low 
(0.1  umol  cm"3  or  27  ug  cm"3)  or  high  concentrations  (1  umol  cm"3  or  266  ug  cm"3)  of 
PCP  in  these  zones.  For  each  of  these  contamination  episodes,  a  series  of  simulations 
were  conducted  to  determine  the  fate  of  PCP  after  sequentially  implementing  various  soil 
bioremediation  strategies.  These  included  baseline  simulations  (organic  C=0.05  g  C  g"1, 
pH  5,  diffusion  coefficient=0.2  cm2  d"1,  microbial  biomass=10  umol  g"1),  increased  flux 
between  layers  (such  as  through  mass  flow  processes),  increased  pH  (such  as  through  soil 
liming),  increased  microbial  biomass  (such  as  through  addition  of  electron  donors),  and 
increased  soil  organic  C  content  (such  as  through  organic  matter  amendments). 

Results  and  Discussion 
Fate  of  PCP  Amended  to  Surface  Water 

In  baseline  simulations  in  which  low  amounts  of  PCP  were  added  to  the 
floodwater,  over  95%  of  PCP  was  photodegraded  in  the  water  column  in  30  days,  with 
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only  4.8%  reaching  the  aerobic  soil  layer,  half  of  which  was  degraded  (Simulation  1; 
Table  5.3).  When  diffcoef  was  increased  to  10  cm2  d"1,  none  of  the  PCP  was 
photodegraded,  but  was  rapidly  transported  and  sorbed  to  surface  soils  (71%)  and 
degraded  in  the  aerobic  layer  (29%)  (Simulation  2).  When  pH  was  subsequently  raised  to 
7,  46%  was  photodegraded,  because  the  soil  partitioning  coefficient  (Kp)  was  reduced 
from  240  to  17  (cm3  g"1),  hence  less  PCP  was  sorbed  to  the  aerobic  surficial  soil  layer. 
Also,  photodegradation  rates  were  increased  at  this  pH.  The  combination  of  these 
conditions  promoted  PCP  transport  to  the  methanogenic  zone  (Simulations  3  and  4); 
however,  PCP  was  reductively  dechlorinated  only  after  increasing  microbial  biomass 
(Simulation  4).  When  soil  organic  C  was  subsequently  increased  to  25%  (Simulation  5), 
results  were  similar  to  those  obtained  for  the  mineral  soil  at  low  pH  (Simulation  2).  In 
these  two  simulations,  soil  partition  coefficients  were  >  90  cm  g"  ,  indicating  that  greater 
amounts  of  PCP  that  diffused  from  floodwater  into  upper  soil  layers  were  sorbed  and 
retarded  PCP  movement  into  the  lower  soil  zones. 

When  higher  amounts  of  PCP  were  added  to  floodwater  (Simulations  6-10), 
similar  trends  were  observed  as  described  above  (Table  5.3).  However,  in  all  cases, 
significant  amounts  were  photodegraded  (15-95%),  and  a  lower  percentage  reached  the 
soil,  due  to  longer  retention  times  of  PCP  in  the  water  column.  When  diffcoef  was 
increased,  PCP  reached  the  methanogenic  layer,  which  was  also  driven  by  an  increased 
concentration  gradient  between  layers  compared  to  lower  contamination  levels.  There 
was  about  a  three  d  lag  time  before  aerobic  degradation  was  observed  in  low  organic 
matter  and  high  pH  soil  (Simulations  8  and  9),  which  was  not  observed  when  organic  C 


141 


"3 

I 

£  £ 

o  ? 
£  * 

=«■  § 

— i  o 

S3 
o  £ 


eg 


"O 

g 

•3 

I  -a 

1,3  c 

U  u 
On  £ 

O  cs 

<i>  :3 

<U  "3 
-C  C 
»  03 

e  is 

o  <u 

.3  o 
§  I 

O  3 

13  8 

C  lH 

E  cd 
o  ^ 

00   «>  -rt 

c  <=  8 

'5b  .2  § 

c  y  * 

J2  2  <u 

*  8  fc 

=5  C  « 


l2  O  "£ 
«  u  S 

C    Mr 


c 

Ml 
C 

O 

u 


3  'g 

5  CJ 

°  E  H 

C 

u 

3 
C 


x 
p 


c 

03 


5o 


in 

X) 
8S 
i- 


a  c 

ca  o 

I  S 


u 


-    S  - 

a  -  a 
£  1  * 


B 
n 


c 

G 

00 
C 

£ 


2 


S 


o 


15 

c 

B 
< 


CD 
43 


U 
3 

_  "a 
Q  2 
a:  Ej 


■5  £ 
§  u 


IS 


cs 

CO  U 


"  P 


"  P 


u 
"3 

O 

o  j 
-  I 


«  Oh 

«  U 


B 

O  >- 
o 

jo  x> 

3  £ 

.5  o 

GO 


U 
HQ 
B 

73 
JC 
U 

B 

C 


cs 


°1 

00 

00 

CI 

in 

O  O      o  o 


o  o  o  o  o 


o  in 


;  so  so 


cn      1  ci 


o  o  o  o  o 


o 

o 

o 

o 

00 

o 

SO 

cs 

00 

d 

d 

oo 

ci 

rf 

iri 

o 

o 

m 

o  o  o  o  o 


— i  CN       Tf  io 


O       o  S 

2  U  2 
J  SB  | 


sq 

00 

rn 

00 

SO 

m 

m 

O 

OS 

q 

O  O  O  sd  o 

o  o  r-^ 

Os 

en 

SO 

^  °°  «0  so  m 


o  o  o  o  o 


„  °5  —  m 
m  ^  "*  cm 


o  o  o  o  o 


o  o  o  o  o 


m     <^  cm  o 

oi  2  2  Os  2 


m  "0  —  r-  tj- 
oi  g5  —  d  in 


o  o  o  o  o 


CI 

in 

in 

cs 

r- 

cs 

cn 

in 

o 

in 

in 

o 

in 

r~ 

d 

oo 

Os 

t 

c> 

d 

m 

O 

o 

c 

o 

o 

o 

o 

c 

o 

c 

w  <u  <u 

c/3  W5 
cf    cd  (Q 


U  B 


so  r~  oo  os  2 


O  m 
os  cs 

2  o 

U  2 

13  U 

S  .a 

2  c 


C    «    «    HH  C 

2  +  +  +  + 
a  -i  (N  m 


2  r- 
9  R 


S  33  -S 
■oat 


<0   U   1)  <u 


« ^  & 


"S   C  H  M  >3  >5 

a  2  +  +  +  + 

W  Z  so  r-  oo  os 


142 

was  increased  (Simulation  10)  (Fig.  5.2).  These  results  demonstrated  the  importance  of 
sorption  in  protecting  microorganisms  from  PCP  toxicity. 
Fate  of  PCP  Amended  to  Subsurface  Wetland  Soils 

The  fate  of  PCP  was  very  different  when  PCP  was  added  to  soil  compared  to 
floodwater  (Simulations  11-20)  (Table  5.4).  At  both  contamination  levels,  the  dominant 
pools  of  PCP  (>75%)  were  either  sorbed  or  reductively  dechlorinated  in  the 
methanogenic  layer.  Minor  amounts  were  transported  or  transformed  in  overlying  soil 
and  water.  At  low  PCP  levels,  the  greatest  losses  from  the  soil-water  column  (>75%) 
were  obtained  when  microbial  biomass  C  was  increased  from  10  to  90  umol  C  g"1 
(Simulations  14  and  15). 

At  high  soil  contamination  levels,  toxicity  became  an  important  factor  regulating 
PCP  fate  in  the  soil-water  column  (Table  5.4).  For  example,  when  pH  was  increased  to  7 
(Simulations  18  and  19),  none  of  the  PCP  was  reductively  dechlorinated,  but  significant 
amounts  were  transported  and  degraded  in  the  aerobic  layer  (3%)  and  water  column 
(10%).  Increasing  microbial  C  had  no  affect  on  PCP  fate  in  these  simulations.  However, 
when  organic  C  was  increased  (Simulation  20),  toxicity  was  reversed,  and  >75%  of  PCP 
was  reductively  dechlorinated. 

Conclusions 

The  fate  of  PCP  in  the  flooded  soil  column  was  strongly  influenced  by  site 
conditions,  as  indicated  from  the  results  from  the  WTOX  model.  The  most  important 
factors  included  rates  of  transport  between  layers,  pH,  soil  organic  matter  content, 
microbial  biomass,  PCP  contamination  level,  and  whether  contamination  occurred  in  the 
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conditions,  as  determined  from  simulations  with  WTOX.  A. 
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to  Table  5.3  for  simulation  descriptions.  To  convert  to  umol  cm"2, 
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reducing,  and  methanogenic  zones  by  30,  1,  5,  and  24  cm  depth, 
respectively. 
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subsurface  soils  or  surface  water.  Many  of  these  conditions  can  be  managed  to  optimize 
degradation  losses  in  contaminated  systems. 

The  model  predicted  major  photodegradation  losses  (>95%)  when  PCP  was 
applied  to  floodwater  and  when  downward  transport  to  soil  was  restricted.  These 
conditions  were  opposed  to  those  required  for  optimum  aerobic  degradation  of  PCP,  i.e. 
large  diffusion  coefficient  and  high  Kp  such  as  in  low  pH  or  high  organic  matter  soils. 
These  conditions  increased  residence  time  in  the  aerobic  soil  layer,  and  restricted 
transport  to  lower  soil  layers.  High  Kp  also  protected  microorganisms  from  PCP  toxicity. 
When  PCP  was  amended  to  the  water  column,  reductive  dechlorination  was  greatest 
when  transport  to  the  methanogenic  layer  was  increased  (increased  diffusion  coefficient 
and  concentration  gradient),  sorption  was  reduced  (high  pH  and  low  organic  matter 
content),  and  microbial  biomass  was  increased. 

When  PCP  was  applied  to  the  methanogenic  subsoil  layer,  photodegradation  was 
a  minimal  loss  mechanism  in  the  30  d  simulation.  Most  of  the  PCP  was  retained  in  the 
methanogenic  layer  and  reductively  dechlorinated  depending  on  pH,  organic  matter 
content,  microbial  biomass,  and  contamination  level.  With  low  Kp  and  high 
contamination  levels,  PCP  in  the  aqueous  phase  was  increased  and  toxic  to 
microorganisms.  However,  toxicity  was  reversed  upon  addition  of  organic  matter.  These 
results  illustrated  the  critical  role  sorption  played  in  regulating  dissolved  concentrations 
of  PCP,  hence  vertical  transport  between  layers  and  biotic  transformations  in  the  soil 
profile. 

Although  the  WTOX  model  was  applied  to  investigate  the  fate  of  PCP,  it  could 
also  be  readily  adapted  to  study  other  toxic  organic  compounds  in  the  wetland 
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environment  by  changing  constants  and  incorporating  additional  transformation 
processes.  Future  research  should  focus  on  determining  regulators  of  chemical  fate 
processes,  and  demonstrating  the  validity  of  the  models  by  comparing  results  with  those 
obtained  from  experimental  systems. 


CHAPTER  6 
SUMMARY  AND  CONCLUSIONS 


Laboratory  studies  were  conducted  to  evaluate  the  biogeochemical  processes  and 
factors  (Chapter  2)  influencing  the  behavior  of  a  toxic  organic  chemical, 
pentachlorophenol  (PCP),  in  wetland  soils.  The  main  processes  investigated  were  aerobic 
and  anaerobic  biodegradation  (Chapter  3)  and  soil  sorption  (Chapter  4),  which  were 
evaluated  in  ten  different  types  of  wetland  soils.  From  these  studies,  highly  significant 
relationships  were  developed  between  these  processes  and  relatively  easily  measureable 
soil  properties.  Finally  in  Chapter  5,  information  presented  in  previous  chapters  was 
synthesized  in  the  form  of  a  mechanistic  fate  model  (Wetland  Toxic  Organic  Fate  Model 
(WTOX))  which  coupled  transport,  transformation,  and  partitioning  processes  to  predict 
the  fate  of  PCP  in  hypothetical  flooded  soil  columns.  In  this  chapter,  the  most  important 
findings  of  this  research  are  summarized  according  to  the  objectives  set  out  in  the  first 
chapter  of  this  dissertation.  In  addition,  future  research  topics  are  identified. 

1)  What  are  the  dominant  biogeochemical  regulators  of  potential  rates  of  aerobic 
respiration,  denitrification,  sulfate  reduction  and  methanogenesis  in  wetland  soils? 

Laboratory  investigations  with  ten  different  wetland  soils  demonstrated  that 
several  chemical  factors  regulated  potential  rates  and  modes  of  organic  carbon 
mineralization  in  wetland  soils,  with  electron  acceptor  and  donor  availability  found  to  be 
dominant.  Electron  acceptors  including  O2  and  NO3  generally  resulted  in  complete  and 
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immediate  inhibition  of  methanogenesis;  Fe(III)  and  S042"  often  resulted  in  less  effective 
inhibition.  While  aerobic  organic  C  mineralization  rates  were  about  three  times  faster 
than  under  anaerobic  conditions,  there  was  no  significant  difference  in  rates  with  NO3 , 
SO42"  or  CO2  as  electron  acceptors.  Including  data  from  all  wetland  soils,  except  from 
hypereutrophic  HLPI  marsh,  aerobic,  denitrifying,  sulfate  reducing  and  methanogenic 
potentials  were  strongly  correlated  to  microbial  biomass  C,  dissolved  organic  C,  total  C, 
and  inorganic  and  total  N.  Soils  from  highly  impacted  systems  followed  separate 
relationships  from  pristine  soils.  Since  the  fate  of  many  pollutants  (e.g.  nutrients,  heavy 
metals  and  toxic  organics)  are  regulated  by  redox  conditions,  relationships  between  soil 
chemical  properties  and  microbial  activities  in  this  study  have  dual  significance:  (i) 
predict  potential  rates  of  microbial  processes  across  different  wetland  systems,  (ii)  assess 
zones  of  pollutant  impact  on  wetlands. 

Future  research  efforts  should  be  directed  towards  investigating  microbial 
processes  at  both  the  field  and  microbial  scales.  For  example,  in  situ  rates  may  be 
restricted  by  other  processes  (e.g.  diffusion  and  convective  transport,  removal  of  methane 
by  methanotrophs,  nutrient  uptake  by  plants)  and  environmental  conditions  (limiting 
electron  acceptor  supply,  water  content,  and  temperature).  At  the  microbial  level, 
transformation  rates  may  be  limited  by  low  numbers  of  particular  microbial  species  or 
groups.  Typical  studies  may  include  determination  of  microbial  species  and  their  role  in 
mediating  pollutant  transformations,  and  factors  regulating  their  activity  in  the 
environment.  Further  investigation  is  also  warranted  regarding  the  use  of  microbial 
species  and  processes  to  evaluate  soil  quality  and  to  monitor  the  development  of  newly 
created  or  restored  ecosystems. 
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2)  Are  PCP  degraders  commonly  found  in  wetland  soils,  and  if  so,  what  chemical 
and  biological  conditions  promote  PCP  degradation? 

Microorganisms  with  the  capacity  to  degrade  the  chlorinated  aromatic 
hydrocarbon  PCP  inhabited  at  least  80%  of  wetland  soils  tested,  despite  no  apparent 
history  of  contamination.  However,  expression  of  this  capacity  was  regulated  by 
chemical  and  biological  conditions,  including  contamination  level,  electron  acceptor 
reducing  conditions,  electron  donor  supply,  microbial  biomass,  and  co-contaminants  (Hg 
(II)).  Relationships  between  these  properties  and  degradation  processes  provided  in  this 
study  may  be  useful  in  predicting  environmental  persistence  as  a  function  of  site  specific 
conditions,  as  well  as  providing  insight  about  potential  impediments  to  in  situ 
degradation. 

Both  extremes  of  high  (>10  umol  L"1)  and  low  (<0.3  umol  L"1)  PCP 
concentrations  restricted  degradation  in  soils,  which  were  attributed  to  toxicity  and 
limited  bioavailability,  respectively.  Comparing  EC50  (total)  values  (i.e.  concentration  of 
total  PCP  in  the  soil  that  decreased  PCP  degradation  by  50%),  PCP  was  apparently  more 
toxic  to  methanogenic  activities  than  aerobic  activites,  and  in  mineral  soils  compared  to 
organic  soils.  These  results  suggested  that  sorption  played  a  major  role  in  controlling 
PCP  toxicity,  since  sorption  is  highest  in  aerobic  and  organic  soils.  Hence,  sorption 
provided  a  protective  mechanism  by  removing  PCP  from  the  soluble  pool,  or  providing 
microsites  for  microbial  escape.  Taking  PCP  sorption  into  account,  EC50  (dissolved)  for  PCP 
was  10-14  umol  L"  for  methanogenic  treatments  and  >23  umol  L"1  for  aerobic 
treatments.  These  results  suggested  that,  even  after  taking  sorption  into  account,  aerobic 
microorganisms  were  less  affected  by  PCP  than  the  methanogenic  consortia.  Although 
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initial  soil  concentrations  of  PCP  averaged  0.66  |imol  g"1  in  degradation  experiments, 
concentrations  in  the  dissolved  phase  ranged  between  2.3  and  153  (imol  L"  in  the  soils, 
due  to  differences  in  magnitudes  of  sorption.  These  results  illustrate  the  influence  of 
concentration  on  degradation  of  toxic  organics  in  soils,  and  the  role  of  sorption  in 
regulating  bioavailability. 

Degradation  under  both  aerobic  and  anaerobic  conditions  was  also  restricted  at 
low  concentrations  of  PCP,  becoming  first-order  at  dissolved  concentrations  of  <0.3 
umol  L* .  At  these  concentrations,  it  is  likely  that  slow  desorption  kinetics  and 
entrapment  of  PCP  within  soil  particles  played  major  roles  in  regulating  degradation 
rates.  Therefore,  it  is  feasible  that  PCP  toxicity,  bioavailability,  and  degradation  kinetics 
could  be  regulated  by  manipulating  sorption,  such  as  through  management  of  pH,  types 
of  microbial  activity  or  soil  organic  C  content. 

Maximum  degradation  rates  were  observed  between  PCP  concentrations  of  about 
0.3  and  10  umol  L" ,  depending  largely  on  environmental  conditions.  Availability  of 
electron  acceptors  was  a  key  regulator  of  both  rates  and  pathways  of  PCP  degradation  in 
soils.  In  the  presence  of  O2,  most  soils  immediately  produced  pentachloroanisole  (PCA), 
while  after  longer  periods,  PCP  and  PCA  were  lost  from  many  soils  without  the 
appearance  of  chlorinated  intermediates.  These  results  indicated  either  mineralization  to 
CO2,  or  polymerization  with  other  pesticide  moieties  or  humic  substances.  Among  soil 
properties  measured,  none  were  significantly  correlated  to  aerobic  degradation  rates 
indicating  that  overall  microbial  activity,  microbial  biomass,  or  C,  N  ,  P  availability  were 
not  the  primary  regulators  in  the  soils  tested. 
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Under  anaerobic  conditions,  but  not  under  aerobic  conditions,  NO3,  Fe(III),  and 
SO4  inhibited  PCP  degradation.  For  most  soils,  lack  of  degradation  under  intermediate 
reducing  conditions  was  probably  not  due  to  toxicity,  since  both  NO3  and  S04  were 
consumed  in  anaerobic  treatments.  The  co-occurrence  of  reductive  dechlorination  and 
sulfate  reduction  in  LAAF,  W2,  and  LSM  under  SO4  reducing  conditions  may  reflect  the 
ability  of  some  dehalogenators  to  compete  effectively  with  SO4  reducers  for  electron 
equivalents. 

Under  methanogenic  conditions,  PCP  degradation  proceeded  in  eight  soils 
through  reductive  dechlorination,  in  which  electrons  derived  from  decomposition  of 
organic  matter  replaced  CI"  atoms  of  PCP.  Enhanced  degradation  in  a  soil  initially  low 
in  organic  matter,  nutrients,  and  microbial  biomass  through  amendments  of  protein-based 
electron  donors  suggested  the  involvement  of  hydrolytic  and  fermentative  bacteria  such 
as  Clostridium  spp.  These  results  also  suggest  a  possible  strategy  to  enrich  for  PCP- 
degrading  microorganisms  and  to  bioremediate  chlorophenol-contaminated  soils. 

The  lag  time  of  1  to  6  days  before  occurrence  of  dehalogenation  likely  reflected 
the  period  of  induction  and  synthesis  of  these  enzymes  and  not  other  factors,  since  soils 
were  preincubated  to  attain  steady-state  conditions.  Similar  lag  times  have  been  observed 
for  denitrification,  sulfate  reduction,  and  methanogenesis,  however  none  of  the  soil 
properties  were  significantly  correlated  to  lag  time.  Molecular  level  analyses  of 
microorganisms  will  likely  be  required  to  obtain  this  information. 

Most  soils  that  degraded  PCP  under  S042"-reducing  and  methanogenic  conditions 
showed  preferential  ortho  and  para  dechlorination,  resulting  in  the  production  of  2,3,4,5- 
TeCP,  3,4,5-TCP  and  3,5-DCP.  In  the  agricultural  LAAF  soil,  however,  additional  meta 
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dechorination  pathways  were  observed,  suggesting  that  these  soils  might  have  been 
previously  exposed  to  chlorinated  aromatics.  If  this  was  the  case,  then  dechlorination 
patterns  may  provide  useful  indicators  of  historic  contamination. 

Several  soil  properties  were  highly  correlated  to  PCP  degradation  rates  under 
methanogenic  conditions,  including  total  C,  N,  and  P,  microbial  C,  aerobic  and  anaerobic 
C  mineralization  rates,  and  bioavailable  N.  Microbial  C  showed  the  highest  correlation 
probably  because  it  integrated  many  of  the  regulators  of  degradation  into  one 
measurement.  Addition  of  nutrients  and  vitamins  did  not  enhance  PCP  degradation  in  an 
oligotrophic  soil  under  methanogenic  conditions,  in  contrast  to  protein-based  donors, 
demonstrating  the  primary  role  of  electron  donors  in  regulating  reductive  dechlorination. 

Methanogenic  soils  treated  with  2%  HgCh  plus  autoclaving  did  not  show 
reductive  dechlorination,  indicating  the  requirement  for  biological  activity.  In  the  absence 
of  autoclaving,  however,  reductive  dechlorination  proceeded,  suggesting  that 
dehalogenators  were  highly  resistant  to  Hg  (II)  co-contamination.  In  contrast  to 
methanogenic  soils,  PCP  degradation  under  aerobic  conditions  was  completely  inhibited 
in  Hg  (II)  treatments  with  and  without  autoclaving,  indicating  a  higher  sensitivity.  These 
differences  may  be  an  important  factor  when  invoking  aerobic  and  anaerobic  remediation 
protocols  for  a  given  site. 

Further  studies  should  focus  on  identifying  microbial  species  involved  in 
degradation,  their  prevalence  in  the  environment,  and  determining  how  chemical  and 
biological  factors  influence  their  degradation  of  PCP  and  other  toxic  organics  in  soils. 
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3)  Do  the  activities  of  aerobic  and  methanogenic  microorganisms  significantly 
influence  sorption  of  CPs,  and  can  a  simple  sorption  model  accurately  predict 
sorption  behavior  of  CPs  as  a  function  of  soil  properties? 

The  activities  of  aerobic  and  methanogenic  microorganisms  significantly  altered 
soil  chemical  and  physical  characteristics,  which  gave  rise  to  soils  with  different  CP 
sorption  properties.  Partition  coefficients  for  PCP  and  2,3,4,5-TeCP  were  up  to  30  times 
larger  under  aerobic  compared  to  anaerobic  conditions.  The  effect  of  aerobic  processes 
on  sorption  were  mostly  attributed  to  (i)  decreased  pH,  which  increased  the  fraction  of 
CP  in  the  neutral  form;  (ii)  decreased  colloidal-bound  CPs,  which  decreased  the  apparent 
solubility  of  CPs;  and  (iii)  increased  ionic  strength  in  soils  with  pH>7,  which  likely 
promoted  formation  and  sorption  of  PCP  and  2,3,4,5-TeCP"  as  ion  pairs.  Less 
chlorinated  phenols  (3,4,5-TCP  and  3,5-DCP)  were  less  affected  by  differences  in 
microbial  activity,  pH,  and  ionic  strength  because  they  existed  predominantly  as  neutral 
species  in  the  pH  range  of  the  soils  (pH<8.0). 

A  simple  sorption  model  that  included  inputs  of  soil  organic  C  and  pH  of  the  solid 
and  colloidal  fractions  adequately  predicted  (r2=80%)  experimental  CP  sorption  data, 
implicating  hydrophobic  partitioning  of  the  neutral  and  ionic  forms  of  CPs  as  the 
dominant  sorption  mechanism.. 

Results  from  this  study  have  important  implications  on  the  mobility  and 
bioavailability  of  CPs  in  contaminated  soils.  In  soils  with  low  partition  coefficients,  such 
as  soils  with  low  organic  matter  and  high  pH,  the  horizontal  and  vertical  mobility  of  CPs 
would  be  increased  in  the  soil-water  profile,  thus  increasing  leaching  and  other  soil 
transport  processes.  On  the  other  hand,  decreased  sorption  may  result  in  soluble 
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concentrations  that  are  toxic,  thereby  inhibiting  degradation.  Results  demonstrated  that, 
in  addition  to  biodegradation,  activities  of  microorganisms  play  additional  roles  in 
regulating  fate  of  contaminants.  Through  manipulation  of  microbial  activity  in  these 
systems,  sorption  and  biodegradative  processes  may  be  optimized  to  achieve  successful 
remediation  of  CP  contaminated  soils. 
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position  at  the  University  of  Kentucky  in  the  College  of  Agriculture,  where  she  will 
continue  her  exploration  of  biogeochemical  cycling  of  pollutants  in  soil-water-plant 
environments. 
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